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SUMMARY 
The energy stored in the chemical bonds of the organic compounds contained in municipal 

wastewater is increasingly recognized as a valuable energy source that should be harvested 

at wastewater treatment plants (WWTP). However, energetically inefficient activated sludge 

process, which uselessly burns this chemical energy to low potential heat and CO2, has been 

used for municipal wastewater treatment for over 100 years worldwide. The organic matter 

remaining in sewage sludge is then anaerobically transformed into methane and further 

into electricity and/or heat, which can cover a considerable portion of WWTP’s energy 

consumption. Since the energy potential of municipal wastewater is nearly 5 times higher 

than is needed for the treatment process, there is a generous room for developing new, energy 

positive, treatment processes. 

Two scenarios for the maximization of energy capture and recovery from municipal wastewater 

were investigated in this thesis: 

1) Direct (i.e. mainstream) anaerobic treatment of municipal wastewater in an Up-flow 

Anaerobic Sludge Blanket (UASB) reactor and Anaerobic Membrane Bioreactor 

(AnMBR), and 

2) Bioflocculation as an up-concentration step that captures organics in the primary sludge 

that is subsequently subjected to anaerobic digestion in the side stream. 

The anaerobic biodegradability of municipal wastewater at low temperatures was determined 

in batch experiments and described by a mathematical model. Subsequently, the overall COD 

balance of both UASB and AnMBR was calculated based on the long-term (over two years) 

operation of lab-scale reactors.  

For bioflocculation, several lab-scale experiments were carried out prior to the pilot-scale 

operation to determine the optimal technological parameters such as hydraulic retention time, 

sludge age, and the concentration of dissolved oxygen in the regeneration phase. Moreover, 

the role of extracellular polymeric substances was studied, and the settling properties 

and anaerobic biodegradability of the primary sludge were evaluated. Finally, 

the denitrification potential of the bioflocculation effluent was also determined. 

The energy recovery potential was significantly higher in the case of bioflocculation 

(up to 0.37 g CODCH4 g
-1 CODinfluent) compared to direct anaerobic treatment at low temperature 

(0.05 g CODCH4 g-1 CODinfluent on average). Based on the data from a bioflocculation pilot 

treating real municipal wastewater, up to 124% of the energy needed for wastewater treatment 

can be recovered from municipal wastewater. This shows the great potential of bioflocculation 

to serve as energetically positive pretreatment for subsequent secondary treatment based 

on e.g. autotrophic nitrogen removal.  



 

 

 

SOUHRN 
Energie v městské odpadní vodě, ukotvena v chemických vazbách organického znečištění, 

je na čistírnách odpadních vod (ČOV) v současnosti vnímána jako hodnotný energetický zdroj. 

Zároveň je ale stále celosvětově nejrozšířenější technologií na ČOV energeticky velmi náročný 

aktivační proces, který tuto energii nákladně a bez užitku přeměňuje na nízkopotenciální 

reakční teplo, oxid uhličitý a přebytečný kal již po více než 100 let. Zbylé organické látky 

v přebytečném kalu jsou poté částečně transformovány v anaerobním stupni na methan, 

resp. na elektřinu anebo teplo, kdy tato recyklovaná energie pokrývá část vlastní energetické 

spotřeby ČOV. Teoreticky je však chemické energie v odpadní vodě téměř 5 krát více než je 

její potřeba na vlastní proces čištění, což představuje značný potenciál pro dosažení energeticky 

soběstačného a dokonce energeticky pozitivního provozu ČOV.  

V této práci byly studovány dva scénáře technologických procesů pro maximalizaci recyklace 

energie z odpadní vody: 

1) Anaerobní čištění městské odpadní vody v hlavní lince ČOV ve zdola protékaném 

anaerobním reaktoru (UASB) a v anerobním membránovém reaktoru (AnMBR) a 

2) Bioflokulace k maximálnímu zachycení organických látek do primárního kalu a jeho 

následná energetická valorizace v odděleném anaerobním stupni ČOV. 

Anaerobní rozložitelnost městské odpadní vody za nízkých teplot byla stanovena sériemi 

jednorázových testů a vyhodnocena matematickým modelem. Účinnost a provozní parametry 

anaerobního stupně včetně látkové bilance byly studovány na základě 2-letého provozu 

labortorních modelů UASB a AnMBR s reálnou městskou odpadní vodou. 

Bioflokulace byla vyvíjena nejdříve v několika modifikacích laboratorního uspořádání 

a zjištěné návrhové provozní parametry, jako je hydraulická doba zdržení, stáří kalu 

a koncentrace rozpuštěného kyslíku v regeneraci, byly ověřeny a optimalizovány 

v poloprovozním měřítku na reálné městské ČOV. Současně byl popsán vliv extracelulárních 

polymerů na účinnost procesu, sedimentační vlastnosti a  zejména anarobní rozložitelnost kalu, 

stejně jako vliv bioflokulace na kvalitu odtoku z primárního stupně ČOV a denitrifikační 

potenciál odtoku. 

S bioflokulací bylo dosaženo výrazně vyššího stupně konverze chemické energie z odpadní 

vody do methanu (až 0,37 g ChSKCH4 g-1 ChSKpřítok) v porovnání s přímým anaerobním 

čištěním odpadní vody za nízkých teplot (průměrně 0,05 g ChSKCH4 g
-1 ChSKpřítok). 

Na základě poloprovozního ověření bioflokulace s reálnou městskou odpadní vodou je možné 

dosáhnout až 124% energetické soběstačnosti ČOV, což představuje energeticky pozitivní 

provoz ČOV, vhodný zejména pro další zefektivnění například pomocí autotrofního 

odstraňování dusíku.  



 

 

 

ACKNOWLEDGEMENTS 
 

 

 

 

 

 

 

 

 

Firstly and outstandingly, 

I thank to my dear parents, my love Jitka and my supervisor Jan Bartáček. 

 

 

Secondly, thank you to all those who helped, inspired, consulted, opposed and supported me. 

There have been so many of you that it is not in my abbilities to name and not to forget 

to mention any of you. 

 I am sorry.  



 

 

 

PODĚKOVÁNÍ 

 

 

 

 

 

 

 

Na prvním místě děkuji svým rodičům, mé ženě Jitce a Honzovi Bartáčkovi. 

 

Na druhém až nepočitatelném místě děkuj všem, kteří mi pomáhali, inspirovali, konzultovali, 

oponovali a podporovali mě. Bylo vás tolik, že není v mých silách jmenovat a nezapomenout. 

Za to se omlouvám. 

 

   

 

 

 

  



 

 

 

CONTENT 
1 GENERAL INTRODUCTION 1 

1.1 CONCEPTUAL FRAMEWORK AND PROBLEM STATEMENT 1 
1.2 STATE-OF-THE-ART IN ENERGY SELF-SUFFICIENCY OF WWTPS 3 
1.2.1 DIRECT ANAEROBIC DIGESTION OF MUNICIPAL WASTEWATER 5 
1.2.2 BIOFLOCCULATION AS A METHOD TO EXTRACT COD FROM MUNICIPAL WASTEWATER 8 
1.3 RESEARCH OBJECTIVES AND SCOPE 11 
1.4 ORGANIZATION OF THIS THESIS 12 
1.5 SCHEMATIC OVERVIEW OF THE RESEARCH JOURNEY 13 
1.6 THESIS DEMAND 14 
2 PSYCHROPHILIC ANAEROBIC TREATMENT OF SEWAGE: BIOMETHANE POTENTIAL, KINETICS AND 
IMPORTANCE OF INOCULUM SELECTION  15 

2.1 INTRODUCTION 16 
2.2 MATERIAL AND METHODS 17 
2.2.1 GENERAL APPROACH 17 
2.2.2 EXPERIMENTAL SET-UP 17 
2.2.3 ANALYTICAL METHODS 21 
2.2.4 METHANOGENIC COMMUNITY CHARACTERIZATION 22 
2.3 RESULTS AND DISCUSSION 22 
2.3.1 CHARACTERISTICS OF SEWAGE COD 22 
2.3.2 ANAEROBIC BIODEGRADABILITY OF SEWAGE 23 
2.3.3 KINETICS OF METHANE PRODUCTION FROM SEWAGE 25 
2.3.4 METHANOGENIC COMMUNITY EVOLUTION DURING BMP OF SEWAGE 29 
2.4 CONCLUSIONS 32 
3 EFFECT OF PSYCHROPHILIC TEMPERATURE SHOCKS ON A GAS-LIFT ANAEROBIC MEMBRANE BIOREACTOR 
(GL-ANMBR) TREATING SYNTHETIC DOMESTIC WASTEWATER  33 

3.1 INTRODUCTION 34 
3.2 MATERIAL AND METHODS 35 
3.2.1 EXPERIMENTAL SET-UP 35 
3.2.2 SYNTHETIC SEWAGE 37 
3.2.3 INOCULATION 37 
3.2.4 PHASES OF THE GL-ANMBR OPERATION 37 
3.2.5 ANALYTICAL METHODS 39 
3.3 RESULTS AND DISCUSSION 40 
3.3.1 MEMBRANE PERFORMANCE 40 
3.3.2 TREATMENT PERFORMANCE 41 
3.3.3 NUTRIENTS 44 
3.3.4 BIOGAS PRODUCTION 44 
3.3.5 DISSOLVED METHANE IN THE EFFLUENT 44 
3.3.6 COD BALANCE 45 
3.4 CONCLUSIONS 46 
4 ANAEROBIC TREATMENT OF WASTEWATER IN COLDER CLIMATES USING UASB REACTOR AND 
ANAEROBIC MEMBRANE BIOREACTOR  48 

4.1 INTRODUCTION 49 
4.2 EXPERIMENTAL PROTOCOLS 50 
4.2.1 THE UASB REACTOR 50 



 

 

 

4.2.2 THE ANMBR 50 
4.2.3 INOCULUM AND SEWAGE TREATED 52 
4.2.4 COD DECAY IN THE SEWAGE BETWEEN COLLECTION AND FEEDING TO ANAEROBIC REACTOR 53 
4.2.5 OPERATION OF THE REACTORS 54 
4.2.6 ANALYTICAL METHODS 55 
4.3 RESULTS 55 
4.3.1 3.1 START-UP OF THE UASB REACTOR (DAYS 0 – 462) 55 
4.3.2 STABLE OPERATION OF UASB REACTOR (DAYS 463 – 688) 55 
4.3.3 VERTICAL STRATIFICATION OF UASB SLUDGE BED 57 
4.3.4 TRANSITION FROM UASB TO ANMBR (DAYS 689-835) 57 
4.3.5 STABLE OPERATION OF ANMBR (DAYS 836 – 884) 58 
4.3.6 DISSOLVED GASES IN THE EFFLUENT 60 
4.4 DISCUSSION 60 
4.4.1 UASB REACTOR CAN BE RECOMMENDED FOR SEWAGE PRETREATMENT 60 
4.4.2 ANMBR REACTOR ENHANCED COD REMOVAL, BUT INCREASE ENERGY CONSUMPTION 62 
4.4.3 COMPARING ANMBR AND UASB REACTOR 63 
4.4.4 COD BALANCE SHOWED LOW ENERGY RECOVERY AT 15 °C FOR BOTH REACTORS 63 
4.4.5 CHALLENGES IN MAINSTREAM ANAEROBIC DIGESTION APPLICATION 64 
4.5 SUMMARIES 65 
5 CONTACT STABILIZATION WITH ENHANCED ACCUMULATION PROCESS FOR ENERGY RECOVERY FROM 
SEWAGE  66 

5.1 INTRODUCTION 67 
5.2 MATERIAL AND METHODS 68 
5.2.1 SOURCE AND QUALITY OF WASTEWATER 68 
5.2.2 BATCH BIOFLOCCULATION ASSAYS 68 
5.2.3 COSEA PROCESS IN SBR 69 
5.2.4 BIOCHEMICAL METHANE POTENTIAL 70 
5.2.5 ANALYTICAL PROCEDURES 70 
5.2.6 DETERMINATION OF EPS CONTENT 71 
5.2.7 ENERGY RECOVERY CALCULATIONS 71 
5.3 RESULTS 72 
5.3.1 BATCH BIOFLOCCULATION ASSAYS 72 
5.3.2 THE COSEA PROCESS INOCULATED WITH ACTIVATED SLUDGE 76 
5.3.3 THE COSEA PROCESS WITHOUT INOCULATION 79 
5.3.4 BMP OF THE COSEA SLUDGE 79 
5.4 DISCUSSION 79 
5.4.1 ENERGY RECOVERY FROM SEWAGE VIA THE COSEA PROCESS 79 
5.4.2 THE EFFICIENCY OF COD REMOVAL FROM SEWAGE BY THE COSEA PROCESS 81 
5.4.3 THE APPLICABILITY OF COSEA FOR SEWAGE TREATMENT 83 
5.5 CONCLUSIONS 83 
6 MAXIMIZING ENERGY RECOVERY FROM WASTEWATER VIA BIOFLOCCULATION-ENHANCED PRIMARY 
TREATMENT: A PILOT SCALE STUDY  84 

6.1 INTRODUCTION 85 
6.2 MATERIAL AND METHODS 86 
6.2.1 PILOT SCALE SET-UP AND OPERATION 86 
6.2.2 COD BALANCE 90 
6.2.3 SLUDGE SETTLING CHARACTERISTICS 90 
6.2.4 BIOMETHANE POTENTIAL OF PRIMARY SLUDGE 90 
6.2.5 DENITRIFICATION POTENTIAL ASSAYS 91 



 

 

 

6.2.6 ASSUMPTIONS FOR ENERGY BALANCE CALCULATIONS 92 
6.2.7 SAMPLING AND ANALYTICAL METHODS 92 
6.3 RESULTS AND DISCUSSION 93 
6.3.1 ORGANICS REDIRECTION TO SLUDGE AND THE QUALITY OF EFFLUENT 93 
6.3.2 SLUDGE REDIRECTION TO ENERGY 95 
6.3.3 BIOFLOCCULATION EFFLUENT DENITRIFICATION POTENTIAL 96 
6.3.4 SLUDGE SETTLING PROPERTIES 99 
6.3.5 EVALUATION OF ENERGY BALANCE IN CAS PROCESS WITH BIOFLOCCULATION 99 
6.3.6 FUTURE PROSPECTS IN ENERGY NEUTRALITY OF WWTPS 100 
6.4 CONCLUSIONS 102 
7 SUMMARY 103 

7.1 SUMMARY OF RESEARCH OUTCOMES PRODUCED BY THIS THESIS 103 
7.1.1 ANAEROBIC DIGESTION OF MUNICIPAL WASTEWATER 103 
7.1.2 BIOFLOCCULATION OF MUNICIPAL WASTEWATER 104 
7.2 COMPARISON OF STATE-OF-THE-ART TECHNOLOGIES AND NEAR-FUTURE TECHNOLOGIES FOR ENERGY RECOVERY 

IN MUNICIPAL WASTEWATER TREATMENT 105 
7.2.1 COMPARISON OF STATE-OF-THE-ART TECHNOLOGIES FOR ENERGY RECOVERY IN MUNICIPAL WASTEWATER TREATMENT 108 
7.2.2 COMPARISON OF SCIENCE TECHNOLOGIES FOR ENERGY RECOVERY IN MUNICIPAL WASTEWATER TREATMENT 111 
7.3 RECOMMENDATIONS FOR THE DESIGN OF ENERGETICALLY SUSTAINABLE WASTEWATER TREATMENT 113 
7.4 RECOMMENDATIONS FOR FUTURE RESEARCH 114 
REFERENCES 115 

ABBREVIATIONS 127 

LIST OF SYMBOLS 130 

LIST OF TABLES 132 

LIST OF FIGURES 134 

8 APPENDIX 139 

8.1 LIST OF INTERNATIONAL PEER-REVIEWED PUBLICATIONS (EN) 139 
8.2 LIST OF CONFERENCE PROCEEDINGS (EN & CS) 141 
8.3 AUTHORS CURRICULUM VITAE 143 



 

1 

 

1 GENERAL INTRODUCTION 

1.1 Conceptual framework and problem statement 

The world is undergoing rapid urbanization driven by population increase and the migration 

from rural areas to cities. At the end of the last millennium, experts realized that if urban 

development continued as usual, then the pressure on resources and the demand on water 

and associated energy use would be unsustainable (Novotny, 2013). For instance, Europe 

is already highly urbanized with 74% of the population living in urban areas, with an expected 

increase to 80% by 2050 according to United Nations prediction from 2014 (Harris et al., 2020). 

In China, the total population between 2010 and 2050 is actually expected to drop by 46 million 

to 1,295 billion, but the urban population by migration and resettlement will increase 

by 400 million to 1,038 billion, 80% of the total (Novotny, 2013). In the USA, the urban 

population will increase from 84 to 89% between 2020 and 2045 according to STATISTA 

(2020). Nowadays, cities face the challenge of paradigm shift in the way of new infrastructure 

development, behavior change and needs reduction in order to become sustainable “cities 

of the future”. 

Meaning the energy bill, cities and their supply chains are responsible for almost 80% 

of the global energy consumption and over 60% of greenhouse gas emissions (GHG) (Harris et 

al., 2020). In the USA, municipal wastewater treatment accounted for approx. 3% 

of the national electricity supply and 30-60% of municipalities energy demand (EPA, 2006), 

similarly to that in other developed countries . It is obvious, that water-energy-climate/food 

nexus has gained increasing attention in recent years and energy anchored in wastewater 

has a great potential to contribute positively to the challenge of energy management in urban 

areas.  

Municipal wastewater is a unique source of energy, nutrients, materials, and water itself. 

Leaving behind nitrogen (and phosphorus) management, materials recovery and water reuse, 

a huge wastewater energy content represents the main driving force for its recycling 

possibilities. List of all types of energy content in wastewater compiled for example Frijns et 

al. (2013), while the most valuable and already worldwide studied and practiced is organic 

carbon and its subsequent energy valorization. 

The organic content in wastewater is determined by the amount of chemical oxygen demand 

(COD). Typical COD values for municipal wastewater are well described (Tchobanoglous et 

al., 2014), ranging usually from 205-950 mg L-1. The energy value of 1 kg of COD is 

theoretically 3.86 kWh, based on the enthalpy calculations (Horstmeyer et al., 2017). Assuming 

COD concentration 500 mg L-1, the energy content of 1 m3 of municipal wastewater is approx. 

1,93 kWh. Indeed, this amount cannot be considered fully recoverable, since a substantial part 

of incoming COD is lost in the treatment process (as heat through bio-oxidation and as biomass 

assimilation), some in the energy conversion process (combined heat and electricity production 

from biogas) and small part is discharged with the effluent. 

The energy demand of currently the most widespread, bio-oxidation based treatment 

technology conventional activated sludge process (CAS) with nitrogen removal, is ranging 

from 0.35 to 0.80 kWh/m3 (Horstmeyer et al., 2017),  with an average value of 0.47 kWh/m3 
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(Wichelns et al., 2015). Need to mention that the amount of energy intensity is affected 

by the different effluent quality requirements as well as the percentage of national energy 

consumption is linked to the overall regional energy management. For example, the European 

average 1% of national energy consumption represents a ten times lower portion compared with 

Israel (wastewater treatment account for over 10% of national energy consumption), because 

the more than 90% of wastewater volume is treated to reuse standards due to the serious water 

shortage (Gu et al., 2017). 

 

Recently, several benchmarking methodologies and tools have been developed to estimate 

the energy efficiency of wastewater treatment (Foladori et al., 2015; Krampe, 2013; Molinos-

Senante et al., 2014). Long-term treatment efficiency and energy consumption of WWTPs 

is evaluated in Germany by the methodology certified in 2015 (DWA, 2015). The methodology 

for the energy benchmarking of WWTPs is also certified in the Czech Republic (Kos, 2018). 

So far, the most complex methodology called ENERWATER includes the definition of WWTP 

typologies, the classification of treatment facilities, the identification of levels of treatment 

and its corresponding KPIs (key performance indicators), their aggregation into a composite 

index (water treatment efficiency index, WTEI) and its labeling for straightforward 

communication (Longo et al., 2019). 

 

But, as clearly stated by Frijns et al. (2013) and others, WWTP's energy optimization 

is not enough. In the cities of the (near) future, new integrated approaches must be developed 

and new treatment process scheme layouts must be adapted to sustain the growing population 

needs. 

 

Consequently, intensive research continues worldwide to find an optimal process scheme 

for municipal wastewater treatment (and recovery). Three scenarios for the maximization 

of energy capture & recovery from municipal wastewater  have been proposed by Verstraete et 

al. (2009): 

 

i. Separation of concentrated streams (black water) and subsequent anaerobic treatment 

(decentralized approach) 

 

ii. up-concentration and maximized sludge production with its subsequent anaerobic 

digestion (centralized approach) 

 

iii. direct anaerobic digestion applied to mainstream wastewater (centralized approach) 
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This thesis aims at the centralized approach (scenarios (ii) and (iii)) since the majority 

of WWTPs in the Czech Republic have been designed as centralized systems. As all surface 

waters are classified as “sensitive areas” in the Czech Republic, centralized systems are still 

believed to be more robust to comply with the very strict effluent parameters required by the EU 

Urban WasteWater Treatment Directive 91/271/EEC (EUCommision, 1991). 

As an up-concentration approach (scenario (ii)), a high-rate activated sludge process called 

bioflocculation was adapted to evaluate its maximum energy recovery potential from municipal 

wastewater. COD capture prior to its mineralization has been proposed as a feasible option 

towards energy self-sufficient municipal wastewater treatment (Wan et al., 2016; Zhao et al., 

2000). This newly adapted A-stage technology derived from the A-B process (Böhnke, 1977) 

offers suitable preconditioning for treatment and energy recovery enhancement while 

less energy and chemicals is needed for further treatment. 

Direct anaerobic treatment of wastewater in a membrane bioreactor (AnMBR) (scenario (iii)) 

is a novel treatment process for diluted and cold anaerobic sewage treatment, derived from 

the reliable technology of Upflow Anaerobic Sludge Bed reactors (UASB) invented by 

(Lettinga et al., 1983) and over the years tested in challenging moderate to cold conditions 

(Lettinga et al., 2001). 

1.2 State-of-the-art in energy self-sufficiency of WWTPs 

Despite a wide range of optimization strategies and new processes being already developed 

in ready-to-use scale, only a negligible sample of current WWTPs is even close to achieve 

energy self-sufficiency. Below is provided a list of selected excellent WWTPs that have 

achieved >90% energy self-sufficiency with its specific treatment technology employed. 

All listed WWTPs use primary sedimentation and anaerobic digestion of primary and excess 

sludge and biogas valorization in CHP units as energy recovery step. 
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Table 1-1. Examples of full-scale energy self-sufficient WWTPs 

WWTP name Location Capacity Energy self-

sufficiency (%) 

Treatment technology Reference 

(m3/s) (PE) 

Strass im Zillertal 

Wolfgangsee-Ischl 
aVienna Simmering 

Grevesmuhlen 

Prague, CWWTP 

Pilsen, NWWTP 

Zürich Werdhölzli 

 
bEBMUD 

Austria 

Austria 

Austria 

Germany 

Czech Republic 

Czech Republic 

Switzerland 

 

USA 

0.24 

0.20 

6.00 

0.16 

4.00 

0.75  

2.68 

 

2.80  

220 000 100~120 

100~110 

100~120 

100~120 

84~90 

95~100 

100 

 

100~126 

A-B process with side-stream Anammox 

Single stage activated sludge (D-N) 

2-stages activated sludge (N-D)  

An-D-N 

R-(partial D)-N 

R-An-D-N process 

D-N with side-stream Anammox, 

Micropollutants removal 

C-removal + disinfection + co-digestion 

(Nowak et al., 2015) 

(Nowak et al., 2015) 

(Kroiss & Klager, 2018) 

(Schwarzenbeck et al., 2008) 

(Jenicek et al., 2013) 

(Máca et al., 2015) 

(Gu et al., 2017; Kouba et al., 

2018) 

(Gu et al., 2017) 

40 000 

4 000 000 

40 000 

1 600 000 

430 000 

600 000 

 

685 000 
a Vienna Simmering WWTP estimated goals at 2020 when the project “E_OS – Energy Optimization through Sludge Treatment” is completed. 
b EBMUD – The East Bay Municipal Utility District in Oakland, USA became the first energy self-sufficient WWTP in North America in 2012 (Shen et al., 

2015). Need to note that there is no limit for nutrient removal in EBMUD facility and a large amount of food waste is processed in anaerobic digestion process. 

Abbreviations: R – regeneration, D – denitrification, N – nitrification, An – Anaerobic zone, C – organic carbon, EPT – enhanced primary treatment (primary 

sedimentation)
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1.2.1 Direct anaerobic digestion of municipal wastewater 

Feasibility and limits of direct anaerobic digestion 

Direct anaerobic treatment of wastewater in the main water line has been proposed 

as a favorable option for sustainable sewage treatment (Verstraete et al., 2009). The main 

advantages over the CAS process are energy generation through biogas production, absence 

of aeration and lower sludge production. However, anaerobic digestion struggles with low rates 

when treating low-concentrated and cold wastewater streams. Moreover, a significant part 

of methane is dissolved and lost in the effluent, which affects the carbon footprint, as methane 

has approximately 25 times higher global warming potential (GWP) than carbon dioxide. 

Thus far, anaerobic digestion of municipal wastewater has been successfully applied in warm 

climate regions mainly (Lettinga et al., 2001).  

According to Martin et al. (2011), when the average municipal wastewater temperature is 15 °C, 

the concentration of COD must be higher than 5 g L-1 in order to generate enough biogas to heat 

the reactor up to 35 °C. But, the average COD of municipal wastewater is usually 

less than 1 g L-1. Hence, the only economically feasible option for direct anaerobic treatment 

is operation at the original (ambient to cold) temperatures without heating (Pretel et al., 2015). 

So far, various types of anaerobic processes, such as up-flow anaerobic sludge blanket (UASB), 

expanded granular sludge bed (EGSB), anaerobic fixed bed reactors (AFBR) and Anaerobic 

membrane bioreactors (AnMBR) processes have been developed for mainstream municipal 

wastewater treatment (Foresti, 2002; Lettinga et al., 2001). Verstraete et al. (2009) mentioned 

that only 40 – 45% of organic carbon energy content is recovered in practice in UASB reactors, 

since COD removal under such conditions is at maximum only 60 – 70% (Haandel & Lettinga, 

1994). The most promising AnMBR technology is capable of biomass retention via membranes 

which decouples sludge retention time (SRT) and hydraulic retention time (HRT), achieving 

hydraulic loads similar to CAS process. Lema and Suarez (2017) reviewed the performance 

of 11 pilot-scale AnMBRs for municipal wastewater treatment and pointed out, that 80 – 95% 

of COD could be removed at an HRT of 4.6 – 24.5 hours and with an SRT of 30 – 180 days. 

It has been reported by several studies, that anaerobic treatment could theoretically exceed 

the energy self-sufficiency of municipal wastewater treatment. For example, van Lier et al. 

(2015) described the potential energy savings as one gram of O2 is required for the aerobic 

removal of one gram of COD equivalent organic matter from wastewater, stoichiometrically. 

However, one gram COD equivalent organics produce 0.35 L of methane under anaerobic 

conditions. Also, if anaerobic treatment is installed instead of activated sludge, up to 1 kWh 

(fossil energy) kg COD−1 removed is conserved, depending on the system used for aeration 

of the activated sludge. Furthermore, 13.5 MJ CH4 energy can be produced by removal 

of 1 kg COD under anaerobic conditions giving 1.5 kWh electricity through cogeneration 

systems (assuming 40% electric conversion efficiency). Considering the existing evidence that 
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at least 65% and 8% of the total COD can be recovered from wastewater and biosolids, 

respectively (Wan et al., 2016), the recoverable energy from the anaerobic treatment 

of municipal wastewater can be estimated as follows: 

500 mg L-1 COD x (65% + 8%) x 13.9 kJ/g = 5,077 kJ/m3 of municipal wastewater. 

The latter equals to 0.56 kWh/m3 of electricity (Liu et al., 2019), which is more than the average 

CAS demand as reported 0.47 kWh/m3 (Wichelns et al., 2015). Regarding energy consumption 

of a typical AnMBR, Pretel et al. (2015) reported the power requirements of AnMBR treating 

municipal wastewater (when methane capture is not considered) around 0.22 kWh m−3. 

This value is lower than the power requirements reported in literature for other wastewater 

treatment processes. 

The energy balance of all anaerobic technologies is limited by the anaerobic biodegradability 

of municipal wastewater, i.e. how much COD can be converted to methane under given 

conditions. For example, Elmitwalli et al. (2001) found anaerobic biodegradability 

of raw sewage to be 74% at 20 °C, while Halalsheh (2002) observed 76% at 25 °C. Intensive 

research have also been carried out to investigate the limits of biomethanation at psychrophilic 

(10-20 °C) temperatures (Lettinga et al., 2001), when the very first feasibility study was done 

with a continuous psychrophilic UASB system treating domestic wastewater Lettinga et al. 

(1983).  These authors showed its potential in moderate climate, with the overall COD removal 

efficiencies ranging from 20 to 85% at temperatures below 20 °C. However, due to the lack 

of consistent literature data on the anaerobic biodegradability of municipal wastewater, the very 

first part of this thesis is dedicated to this research area. The average anaerobic biodegradability 

at 15 °C varied from 50 to 75%, based on biomethane potential experiments (BMPs) with five 

different sewage samples and three different inoculum sources. 

 

Figure 1-1-1. Comparison of anaerobic biodegradability of municipal wastewater at low 

temperature with 6 different raw sewage samples in correlation to initial sewage quality (Dolejs 

et al., 2018). 
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Total AnMBRs energy demand is associated mainly with membrane fouling control 

and permeate pumping (effluent production). Energy demand of submerged AnMBRs is much 

lower (0.04 to 5.68 kWh m-3) compared to side-stream AnMBRs (3.0 to 7.3 kWh m-3), 

due to the cross-flow velocity maintenance and bioreactor MLSS impact on flux and pressure 

losses (Liao et al., 2006; Maaz et al., 2019). 

Efficiencies of energy recovery in AnMBRs is mainly affected by COD loads (i.e. influent COD 

concentration), temperature and also sulfate concentration (Pretel et al., 2015). Mei et al. (2016) 

calculated the corresponding energy recovery as 0.42 kWh m-3 at 35 °C, 0.34 kWh m-3 at 25 °C 

and 0.17 kWh m-3 at 15 °C, for a submerged AnMBR.  

The values of energy recovery vary greatly, according to the process configuration. 

For example, energy potential in biogas sparging AnMBRs ranged from 0.08 to 0.50 kWh m−3 

and it was 0.14 kWh m−3 for particle sparging bioreactor (Lei et al., 2018). In AnMBER 

(Anaerobic bio-electrochemical reactor), it was about 0.011 kWh m−3 and the AnMBER 

coupled to MFC (microbial fuel cell) system recovered total energy of 0.047 kWh m−3 (Li et 

al., 2014). Recently, seven pilot-scale AnMBRs were demonstrated to be energy positive 

or neutral (Lei et al., 2018), suggesting that AnMBRs not only accomplish energy self-

sufficiency, but also achieve energy production (Maaz et al., 2019). 

New perspectives for direct anaerobic wastewater treatment 

Superior AnMBRs performance, such as direct COD capture with much less sludge production, 

low energy consumption, biogas production and nearly solids and pathogen-free effluent 

with a room for nutrient (N, P) recovery, leads to an extensive research on the feasibility 

of its integration to the cities-of-the-future infrastructure. At the same time, membrane fouling, 

dissolved methane in the effluent and often post-treatment requirements due to the local 

legislation requirements, need to be addressed prior to AnMBR’s widespread application. 

AnMBR’s significant advantage, beside the energy savings and recovery potential, 

are the consequences to the B-stage wastewater treatments process, i.e. nitrogen management. 

AnMBR´s as an A-stage, coupled with autotrophic nitrogen removal (anammox based 

technologies as a core) appear to be the best candidate for energy recovery in municipal 

wastewater treatment (Henze et al., 2008; Liu et al., 2019; McCarty et al., 2011; Verstraete et 

al., 2009). Importantly, autotrophic nitrogen removal relies on efficient COD removal in the A-

stage, since the heterotrophic denitrifying bacteria can compete with autotrophic anammox 

bacteria for nitrite when biodegradable COD is available (Lotti et al., 2015). As such, organic 

compounds from the influent must be captured as efficiently as possible, to achieve a suitable 

COD/N ratio in A-stage effluent. Raw municipal wastewater has the COD/N ratio 10 – 14, 

while after primary treatment (settling) it decreases to 7-10 (Henze et al., 2008; Tchobanoglous 

et al., 2014). However, this COD/N ratio is still higher than that required for deammonification 

(Kouba et al., 2017). For example, Daigger (2014) reported that COD/N ratio as low 
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as 0.5 can maintain deammonification. Extensive review of the impact of COD/N ratio 

on nitrogen management processes published Liu et al. (2019). 

Nowadays, the search for novel concepts of potable water reuse gains attention because 

of the debate about climate change and increasing urbanization. The energy demands 

of existing potable water reuse schemes employing advanced water treatment technologies 

(AWT; such as membrane-based post-treatment, ozone/UV/H2O2 disinfection, GAC/PAC etc.) 

vary in the range of 1.15 to 2.0 kWh m-3 (Horstmeyer et al., 2017). Very recently, AnMBR 

followed by reverse osmosis (RO) and several disinfection steps, has been proposed 

as an alternative treatment process for water reuse (Horstmeyer et al., 2017; Liu et al., 2019). 

Complete energy and GHG calculations of such process and the comparison 

with the benchmark process (CAS + AWT) have demonstrated, that direct anaerobic treatment 

offers the opportunity to establish more energy efficient potable water reuse schemes (energy 

requirements can be decreased by 29%) with significant lower GHG emissions (Horstmeyer et 

al., 2017). 

Even more favorable energy analysis of an integrated AnMBR-RO process, compiled Liu et al. 

(2019) based on the survey done by Shin and Bae (2018). It shows that the total energy potential 

would reach 0.8 kWh m-3 product water at an RO recovery rate of 75%, and could roughly 

offset 94% of the energy consumed for water production, indicating a net energy consumption 

of only 0.05 kWh m-3. Moreover, extensive primary and secondary clarifiers are not required 

since the biomass separation and water purification is secured by membranes. Gu et al. (2019) 

calculated the 52% reduction in footprint is achievable with the AnMBR-Ro process over CAS-

AWT, which is very valuable benefit in highly urbanized areas. 

1.2.2 Bioflocculation as a method to extract COD from municipal wastewater 

AB process (Böhnke, 1977) provides capability to remove part of organic matter (particulate, 

colloidal and dissolved) at high rate and thus produce more primary sludge. Its intensified 

modifications are nowadays presented as biosorptive activated sludge (BAS) or bioflocculation 

process (Diamantis et al., 2014; Zhao et al., 2000), high-rate contact stabilization (HiCS) 

process (Meerburg et al., 2015; Rahman et al., 2016), or contact stabilization with enhanced 

accumulation (CoSEA) process (Dolejs et al., 2016). All these processes employ activated 

sludge biomass as an agent for advanced primary treatment, instead of inorganic agents used 

in the case of CEPT (Araneda et al., 2017).  
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Feasibility of bioflocculation process 

To maximize COD capture with minimized hydrolyze and mineralization of wastewater, 

very short HRT and SRT have been adopted under low or limited dissolved oxygen (DO) 

concentrations (Rahman et al., 2016). Low retention time enhances extracellular polymeric 

substances (EPS) production, which improves the bioflocculation sorption capacity 

and settleability of primary sludge (Dolejs et al., 2016; Kinyua et al., 2017; Meerburg et al., 

2016). This primary sludge (often called adsorptive, young or bioflocculation sludge) 

has higher anaerobic biodegradability than from sludge produced in CAS process and thus 

the energy recovery from this COD stream is higher (Dolejš et al., 2019). 

During contact stabilization process called bioflocculation, wastewater is mixed with activated 

sludge in the contact tank operated at a short HRT from several minutes to an hour at maximum, 

under limited DO conditions (Liu et al., 2009). Most of COD is adsorbed and stored 

in the sludge. After sedimentation in the subsequent settling tank, some part is removed 

for anaerobic digestion (energy recovery step) and the rest is aerated in regeneration tank, 

where the adsorbed COD is mineralized which helps to improved biosorption of organics 

(Dolejs et al., 2016; Rahman et al., 2017). 

Bioflocculation process can capture about 55-65% of influent total COD (Liu et al., 2019) while 

even up to 76%  when optimized (Dolejš et al., 2019). Taking into account that the anaerobic 

biodegradability of primary sludge ranges from 65% (Meerburg et al., 2015; Miron et al., 2000) 

to 77% (Dolejš et al., 2019), from 35% to approx. 55% of influent total COD can be harvested 

as methane gas.  

As an example, one can consider a model WWTP with daily wastewater influent 1 000 m3/d 

and influent COD concentration 800 mg/l. The energy potential of such influent is 3 088 kWh/d, 

assuming the specific chemical energy content 3.86 kWh/kg COD (Horstmeyer et al., 2017). 

Dolejš et al. (2019) calculated an electricity recovery from the pilot experiment as 25%. Thus, 

daily electricity production from the WWTP would be 772 kWh/d. For a CAS process, 

benchmarking electricity consumption is set at average 0.82 kWh/kg COD removed (Longo et 

al., 2019), then the daily electricity consumption would be 623 kWh/d, assuming 95% removal 

of COD. Overall, the model WWTPs energy self-sufficiency would be 124% when employing 

bioflocculation, but only 74% in the case of CAS process with conventional primary settling. 

New perspectives on bioflocculation process 

Considering bioflocculation process as an A-stage in the novel WWTPs layouts, great 

advantage over an AnMBR process in the main wastewater treatment line is the missing issue 

of dissolved methane in the effluent. Moreover, any emerging technologies, such as microbial 

fuel cell (MFC) could in principle serve as the A-stage in parallel with bioflocculation for direct 

electricity production, with minimized sludge production (Liu et al., 2019). 
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Apart from this advantage, similarly to AnMBRs, there is a great potential with implementing 

bioflocculation to any kind of novel nitrogen management process, based on anammox bacteria. 

Due to the scalability and many operational options, the necessary COD/N ratio management 

can be done in order to deliver suitable A-stage effluent for nutrient removal or recovery 

in the B-stage. 
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1.3 Research objectives and scope 

The overall goal of this thesis was to investigate energy recovery from municipal wastewater, 

to look for its optimizations and to identify its limits. The main objectives were proposed 

as follows: 

 

• The identification of energy recovery limits for direct anaerobic digestion of municipal 

wastewater in UASB and AnMBR; 

 

• The identification of limits of energy recovery from municipal wastewater 

via bioflocculation followed by anaerobic digestion of waste sludge; 

 

• The comparison of direct anaerobic digestion and bioflocculation in terms of energy 

recovery from municipal wastewater and its suitability for further real-scale 

implementation. 

 

 

Figure 1-2 The scope of this thesis is depicted as orange boxes. (This figure is inspired by several studies 

focused on energy management in wastewater treatment, mainly by McCarty (2018) and Wan et al. 

(2016)). 
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1.4 Organization of this thesis 

In this thesis, each of following chapters represents a scientific report addressing the research 

gap identified prior or during the research. 

Chapters 2, 3, and 4 contribute to the direct anaerobic digestion of municipal wastewater 

and the chapters 5 and 6 focus at the up-concentration process of municipal wastewater 

and subsequent energy recovery by waste sludge digestion. 

Each chapter consists of critical review of the research topic, state-of-the-art and problem 

statement, followed by original research and discussion of research outcomes with conclusions. 

Finally, chapter 7 summarizes the key findings presented in chapters 2 through 6 and extract 

the general conclusions a remarks for the future development and applicability. 
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1.5 Schematic overview of the research journey 
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1.6 Thesis demand 

  
A very brief estimation of my research time demand on this thesis journey. Note that the knowledge acquisition is never ending ongoing process.              
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2 PSYCHROPHILIC ANAEROBIC TREATMENT OF 

SEWAGE: BIOMETHANE POTENTIAL, KINETICS AND 

IMPORTANCE OF INOCULUM SELECTION 1 
 

 

Abstract 

Anaerobic sewage treatment has been proposed as sustainable sanitation technology 

with the potential to be energy positive. However, there are very few works dealing 

with anaerobic degradability (i.e. biomethane potential – BMP) of sewage. Until now, 

no authors systematically studied anaerobic psychrophilic degradation of sewage in sufficient 

detail, i.e. in batch experiments. In this study, six sewage samples of various origin and quality 

were tested via BMP experiments with three different samples of inoculum (both adapted 

and non-adapted), to elucidate the principle kinetics and obtain fundamental engineering data. 

The anaerobic biodegradability of sewage at 15 °C varied from 50 to 75%, with the average 

methane yield 0.22 ± 0.03 m3 kg-1 (CH4, CODadded). According to Monod-based calculations, 

all sewage samples behaved as two component substrate, while no correlation 

of biodegradability with different raw sewage quality was observed. The same rate constant 

(rmax) was found for all tested sewage samples. But, rmax was greatly dependent on inoculum 

source. This study provides a fundamental dataset to understand and predict psychrophilic 

anaerobic sewage utilization. With this knowledge, novel wastewater treatment plant layouts 

can be designed even in mild/cold climates as well as already existing facilities intensified 

in terms of energy optimization and recovery.  

 
This Chaper is based on the research outcomes published in Journal of Cleaner Production in 2019; 

Reference: Dolejs, P., El Tayar, G., Vejmelkova, D., Pecenka, M., Polášková, M., Bartacek, J. 2018. Psychrophilic 

anaerobic treatment of sewage: biomethane potential, kinetics and importance of inoculum selection. 

Journal of Cleaner Production (199), 93-100. 
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2.1 Introduction 

Anaerobic digestion (AD) has been recognized as a promising technology for municipal 

wastewater treatment (Lens & Verstraete, 2001). In the search for an energy-positive rather 

than energy-intensive process, AD is already utilized in the treatment of various types of warm 

and concentrated wastewater (Dhaked et al., 2010). Full-scale production of methane from 

municipal wastewater has been limited to warm climates due to the dependence of anaerobic 

microorganisms on temperature. Many researchers strive to apply anaerobic wastewater 

treatment also in milder climates. There are many reports of laboratory or pilot-scale 

experiments as shown in several review papers (Aiyuk et al., 2006; Foresti et al., 2006; Gomec, 

2010). Many authors tried to maximize the anaerobic biodegradability of municipal wastewater 

achieving very diverse results. E.g. Mahmoud et al. (2003a) reported 49% and Elmitwalli et al. 

(2001) 74% sewage degradability at 30 °C. Kassab et al. (2013) achieved 43% degradability 

at 25 °C . Intensive research is also being carried out to investigate the limits of biomethanation 

at psychrophilic (10-20 °C) temperatures (Lettinga et al., 2001), when the very first feasibility 

research on continuous psychrophilic UASB (up-flow anaerobic sludge bed) system treating 

domestic wastewater has been proposed by Lettinga et al. (1983) showing its potential 

attractiveness even in moderate climate. Later, the direct comparison of the UASB system 

with different types of AnMBR (anaerobic membrane bioreactor) treating raw sewage provides 

literature as well (Hejnic et al., 2016; Ozgun et al., 2015). Surprisingly, all the above data were 

derived only from continuous reactor operation and therefore may be influenced 

by many factors such as sludge methanogenic activity, insufficient hydraulic retention time, 

insufficient mixing or a potential error in COD balance. Moreover, the kinetics of sewage 

digestion is also largely unknown.  

To the best of our knowledge, the only paper on biomethane potential (BMP) of sewage based 

on standardized BMP tests published by Zhang et al. (2013), who measured methane yield 

of sewage at 15 °C. However, these authors focused mainly on improving soluble sewage 

utilization and did not provide closer investigation of their results. Both theoretical methane 

production from sewage and the maximum methane production rate (or Specific Methanogenic 

Activity – SMA) are extremely important design parameters for psychrophilic anaerobic 

digesters treating sewage. Therefore, we decided to fill this knowledge gap.  

We performed a series of BMP tests for sewage of various origin at 15 °C and described 

the kinetics of methane formation. We selected the most active anaerobic biomass from three 

different sources and subsequently used it as inoculum for BMP experiments with five different 

sewage samples. The kinetics of methane formation was fitted with simple Monod-based 

model. Our results provide a novel fundamental basis for understanding the real potential 

of energy recovery from municipal wastewater at low temperature (15 °C). 
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2.2 Material and Methods 

2.2.1 General approach 

Two series of biomethane potential (BMP) tests were carried out to assess the methane yield 

of sewage at psychrophilic conditions. Firstly, in order to find the most suitable inoculum, three 

different anaerobic biomass sources (A, B and C) were tested in BMP assays, using identical 

sewage for all. Subsequently, methane yield of five different sewage samples (V, W, X, Y, Z) 

were tested in other BMP assays, using the most active inoculum selected in the first experiment 

series. All BMP assays were based on experimental protocol proposed by (Angelidaki et al., 

2009), but carried out at 15 ± 1 °C using temperature-controlled cooler (Guzannti GZ 59, Italy). 

For the purpose of direct comparison of anaerobic digestion of sewage at conventional 

temperature, one series of BMP with mesophilic-adapted inoculum (C35) was carried out 

at 35 °C in temperature-controlled room. 

2.2.2 Experimental set-up 

Comparing different inoculum 

Three different anaerobic sludges (A, B and C) were sieved with a 12 x 4.5 mm mesh, collected 

and stored at 4 °C for 7 to 12 days. Inoculum (A) originated from a lab-scale psychrophilic 

UASB reactor, treating sewage at temperature of 15±1 °C for over two years at an average 

hydraulic retention time (HRT) of  9 h. Full description of this operation was published 

by Hejnic et al. (2016). Inoculum (B) was obtained from a municipal wastewater treatment 

plant 5,000 population equivalent (PE), from an Imhoff tank used as a stabilization tank 

for waste activated sludge at ambient temperature (15±5 °C) at an average HRT of 92 days. 

Inoculum (C) was taken from the first stage of mesophilic (35 °C) anaerobic CSTR serving 

as a stabilization unit for primary sludge and waste activated sludge of a WWTP (48,000 PE), 

Czechia.  

The tested substrate (S), raw sewage, was collected from a large municipal WWTP (1,490,000 

PE) in Prague, Czechia. Almost no industry influenced the sewage quality. Grab sample was 

taken from the sewer inlet, immediately after fine screens. The collected sample was analyzed 

and fed into the batch assay within 8 h. Main characteristics of the sewage and each inoculum 

are given in Tables 2-1 and 2-2. 

Comparing different sewage samples 

Five experiments with different sewage samples were conducted in parallel to investigate 

its anaerobic biodegradability in relation to its origin, assuming each sewage has its special 

methane yield based on the urban drainage characteristic. Inoculum (A) was selected 

as the most active resulting from the foregoing BMPs. Sewage samples (V and Y) were 

collected from sewer inlet to municipal WWTPs (2,000 and 1,200 PE, respectively), drained 
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via separate sewer systems (rainfalls excluded). Sewage samples (W, X, Z) were collected 

from a sewer inlet to municipal WWTPs (19,000 and 2,000 and 500 PE), drained via combined 

sewer systems. The sewage samples were collected as 2-h composite sample (15 min interval), 

transported in cooled box, analyzed and used within 8 h. No rainfall occurred during 

the sampling campaign. Main characteristics of each sewage and inoculum are given in Tables 

2-1 and 2-2. 

Table 2-1. Initial characteristics of inoculum used in BMP of sewage. 

Parameter Unit A B C C35 A´ 

pH - 6.7 6.3 7.4 7.2 7,1 

CODT kg m-3 26.7 ± 1.6 22.9 ± 0.9 15.4 ± 0.5 22.9 ± 0.9 27.2 ± 1.0 

CODSOL kg m-3 0.14 ± 0.01 0.33 ± 0.01 1.19 ± 0.00 1.18 ± 0.03 0.34 ± 0.0 

S-S2- g m-3 356 236 123 165 353 

N-NH3 g m-3 173 ± 0 251 ± 82 951 ± 65 1 322 ± 0 173 ± 2 

TS kg m-3 71.28 23.87 17.39 23.90 21.58 

VS kg m-3 54.36 16.06 10.80 14.79 14.82 

VSS kg m-3 52.26 15.79 10.05 14.12 14.46 

TS / VS  - 1.31 1.49 1.61 1.62 1.45 

Inocula origin: (A, A´) originated from a lab-scale psychrophilic (15 °C) UASB reactor (Hejnic 

et al., 2016); (B) originated from a WWTP of 5,000 PE, from an Imhoff storage tank employed 

as a stabilization tank for waste activated sludge at ambient temperature (15 ± 5 °C); (C, C35) 

originated from the first stage of mesophilic (35 °C) anaerobic CSTR serving as a stabilization 

unit for primary sludge and waste activated sludge of a WWTP of 48,000 PE. 
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Table 2-2. Initial characteristics of different sewage samples used in BMP of sewage. 

Parameter Unit S V W X Y Z 

pH - 7.7 8.0 7.7 7.7 7.7 8.3 

CODT g m-3 625 ± 27 1,134 ± 17 625 ± 33 1,223 ± 17 1,339 ± 16 574 ± 28 

CODSOL 

CODSOL/CODT 

Acetic acid 

Ʃ VFA 

Ʃ VFA/CODSOL 

g m-3 

- 

g m-3 

g COD m-3 

% 

185 ± 5 

0.29 

18.5 ± 1.6 

20.4 ± 3.0 

11.0 

343 ± 3 

0.30 

17.8 ± 2.2 

28.5 ± 3.8 

8.3 

176 ± 7 

0.28 

10.0 ± 0.7 

19.4 ± 1.2 

11.0 

293 ± 2 

0.24 

58.3 ± 2.1 

92.3 ± 3.5 

31.5 

273 ± 4 

0.20 

46.3 ± 1.3 

76.5 ± 1.9 

28.0 

252 ± 3 

0.44 

10.7 ± 0.3 

30.3 ± 1.3 

12.0 

S-S2- g m-3 - 9.4 6.6 19.9 22.8 12.7 

N-NH3 g m-3 45 ± 1 78 ± 3 57 ± 2 104 ± 3 60 ± 1 117 ± 3 

TP g m-3 6.9 ± 0.2 6.7 ± 0.2 7.2 ± 0.1 8.8 ± 0.3 6.6 ± 0.2 13.4 ± 0.4 

TS kg m-3 0.99 1.68 1.41 1.84 1.85 0.90 

VS kg m-3 0.44 0.71 0.52 0.89 0.87 0.37 

VSS kg m-3 0.26 0.46 0.31 0.63 0.64 0.18 

TS / VS  - 2.25 3.64 4.61 2.89 2.86 4.86 

Sewage origin: Sewage sample (S) was collected from a large municipal WWTP (1,200,000 

PE) in Prague, Czechia; sewage samples (V and Y) were collected from sewer inlet to municipal 

WWTPs (2,000 and 1,200 PE), drained via separate sewer system (rainfalls excluded); sewage 

samples (W, X, Z) were collected from a sewer inlet to municipal WWTPs (19,000 and 2,000 

and 500 PE), drained via combined sewer system. 

Set-up of the batch assays 

For each inoculum, the test was run in 5 replicates, with the negative control in triplicates, 

in 605 mL serum bottles, with the headspace volume 205 mL. A specific volume of tested 

inoculum was dosed to each bottle pre-filled with calculated amount of raw sewage to obtain 

a final liquid volume of 400 mL at the initial organic loading (F/M) of approximately 0.5 kg 

kg-1 CODadded, VSSinoculum. In the control bottles, tap water was used instead to observe 

the endogenous methane production of the inoculum. No pH buffers nor micronutrients were 

added since all nutrients were assumed to be sufficiently present in the sewage (Zhang et al., 

2013). All bottles were capped with rubber stopper, sealed with aluminum crimps and flushed 

with nitrogen gas for two minutes to initiate anaerobic conditions. Bottles were shaken in hand 

twice a week and each test lasted until biogas production reached plateau. 
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For each sewage sample, the test was run in three replicates, with one negative control, 

in 605 mL serum bottles, with the headspace volume of 205 mL. A specific volume of tested 

sewage was dosed to each bottle pre-filled with calculated amount of inoculum to obtain a final 

liquid volume of 400 mL at the initial organic loading (F/M) of approximately 0.75 kg kg-1 

(CODadded, VSSinoculum). 

BMP data harvesting and evaluation 

Biogas production was determined as pressure increase in bottle headspace, using digital 

differential pressure manometer (Extech HD750, Waltham, Massachusetts USA), 

and calculated thus indirectly compiling equations (2.1) and (2.2). Biogas production (VBG) 

and methane production were recalculated to standard conditions (STP; 101.3 kPa and 0 °C). 

𝑃𝑠𝑢𝑚 = 𝑃𝑖 + 𝑃𝑎𝑡𝑚         (2.1) 

𝑉𝐵𝐺 
= (

𝑃𝑠𝑢𝑚

𝑃𝑎𝑡𝑚
× 𝑉𝐻𝑆) − 𝑉𝐻𝑆         (2.2) 

where Pi is the actual measured pressure inside the serum bottle, Patm is actual atmospheric 

pressure, Psum is overall pressure, (all in kPa), VHS is volume of headspace in serum bottle 

and VBG is final volume of produced biogas (all in mL). 

Assuming the amount of dissolved methane is not negligible at 15 °C, dissolved methane was 

calculated using Henry´s law and headspace methane content data according to equation (2.3) 

𝑉𝐷𝑀 =
0.35×𝐶𝐻4%×𝐾𝐻×𝑉𝐿

100
        (2.3) 

where VDM is volume of dissolved methane (L), CH4% is headspace methane concentration 

in percentage in gas phase of serum bottle, KH is Henry´s solubility constant for methane 

(0.02681 g L-1 atm-1 at 15 °C and 0.01737 g L-1 atm-1 at 35 °C, respectively) and VL is volume 

of the liquid phase in serum bottle (L). 

Methane yield was calculated using equation (2.4) 

𝑌 =
𝐶𝐻4%×𝑉𝐵𝐺∞+𝑉𝐷𝑀

𝐶𝑂𝐷𝑎𝑑𝑑𝑒𝑑
          (2.4) 

Where VBG∞ is overall biogas production (L), CODadded is mass of COD added as sewage (g) 

and Y is methane yield (L g-1 CODadded). 

Standard deviations (SD) were calculated for estimated technological parameters such 

as methane yield (Y) and anaerobic biodegradability and are listed in Table 2-4 in the Results 

and discussion section. Error bars plotted in the Figures 2-2 and 2-3 were calculated as standard 

deviations based on defined replicates for both sets of BMP experiments. 



 

21 

 

Determining specific methanogenic activity 

Specific methanogenic activity (SMA) was estimated by plotting the methane production 

(in L of methane) against time (in days) and divided by kg VSS added, according to (Sørensen 

& Ahring, 1993). For more accurate interpretation of calculated SMA, modeled curves of each 

BMP test were used as recommended by Hussain and Dubey (2017). Anaerobic 

biodegradability (AB) of sewage was calculated as the ratio of theoretical methane production 

to measured methane production (including dissolved methane), expressed in percentage. 

Degradation kinetics was determined assuming sewage is two-component substrate consisting 

of readily biodegradable substrate (SRB) and slowly biodegradable substrate (SSB). 

The experimental data were interleaved numerically using a differential equation of Monod-

based model (2.6) to describe the kinetics of methane production from sewage at psychrophilic 

condition, where CODavailable represents the sum of SRB and SSB (equation 2.5) in kg COD m-3, 

rmax is maximum specific methane production rate (d-1), KS is half-saturation constant (kg COD 

m-3) and t is the time over the degradation period (d). Lag phase λ (d), displayed as an offset 

in the direction of time, was calculated for both substrate components. 

CODavailable = SRB + SSB        (2.5) 

 
𝑑𝐶𝑂𝐷𝑎𝑣𝑎𝑖𝑙𝑎𝑏𝑙𝑒

𝑑𝑡
= 𝑟𝑚𝑎𝑥

𝐶𝑂𝐷𝑎𝑣𝑎𝑖𝑙𝑎𝑏𝑙𝑒

𝐾𝑆+𝐶𝑂𝐷𝑎𝑣𝑎𝑖𝑙𝑎𝑏𝑙𝑒
; (t > λ)     (2.6) 

2.2.3 Analytical methods 

Total solids (TS), volatile solids (VS) and volatile suspended solids (VSS), total chemical 

oxygen demand (CODT), soluble COD (CODSOL), sulfides (S-S2-), total ammonia nitrogen (N-

NH3) and total phosphorus (TP) were measured according to standard methods (APHA, 2005). 

The dissolved forms were measured from sample centrifuged for 10 min at 14,926 g on Sigma 

3-16P (Sigma Laborzentrifugen GmbH, Germany). Suspended COD (CODS) was calculated 

as the difference between CODT and CODSOL. pH value was measured with a pH meter (pH 730 

inoLab WTW, Germany) in the beginning and at the end of each BMP experiment, to make 

sure that no pH inhibition occurred during the anaerobic biodegradation process of sewage 

samples. 

Biogas quality was tested on GC-TCD (CE Instruments GC 8000 Top, Wigan, UK) equipped 

with packed column (using Porapak Q 80-100 mesh, Waters corporation, Milford, 

Massachusetts, USA). The sewage samples were tested for volatile fatty acids (VFA; C2 – C6) 

concentrations at the beginning of the experiment after centrifugation and paper filtration 

and were stored in refrigerator at -18 °C. The samples were measured on GC-2010 (Shimadzu, 

Kyoto, Japan) equipped with flame ionization detector using Varian capillary column CP-Wax 

58 CB of 25 length with inner diameter 0.25 mm and film thickness 0.2 μm. 
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2.2.4 Methanogenic community characterization 

Methanogenic community was characterized using fluorescence in situ hybridization (FISH) 

according to Nielsen and Daims (2009). Samples were fixed for both Gram negative and Gram 

positive cells. The hybridization was performed with probes labeled with Cy3 (Sigma-Aldrich), 

which are listed in Table 2-3. Prior hybridization, achromopeptidase was applied for better 

permeabilization of archaeal cells adding 15 μL of cold achromopeptidase solution (60 U/mL) 

to each well. The slides were incubated for 60 min at 37 °C. After hybridization, the cells 

were stained with DAPI staining (1 μg mL−1, 15 min). Then, Vectashield was applied 

and samples were analyzed on epifluorescence microscope Olympus BX51 

under 400 × magnification. The results of FISH with methanogen-specific probes were 

evaluated semi-quantitatively (Table 2-6). Achromopeptidase pretreatment was used prior 

hybridization, which resulted in increased signal intensity in the case of ARC915 and probes 

specific for Methanosarcinales. 

 

Table 2-3. Specific probes used for the FISH analysis in this study (Raskin et al., 1994; 

Nakamura et al., 2006; Greuter et al., 2016). 

Probe Specificity FA [%] 

ARC915 Archaea 20 

MSMX860 most Methanosarcinales 45 

MX825 Methanosaeta spp. 50 

MS821 Methanosarcina 40 

MB1174 Methanobacterium spp., Methanobrevibacter spp., Methanosphaera spp. 45, 35 

MG1200b most Methanomicrobiales 20 

MC1109 Family Methanococcaceae 45 

 

2.3 Results and discussion 

2.3.1 Characteristics of sewage COD 

CODT concentrations of sewage samples ranged from 574 to 1,339 g m-3 (Table 2-2), 

which represents rather concentrated sewage, according to Tchobanoglous et al. (2014). 

The higher concentrations were observed in separate sewer systems (1,134 and 1,339 g m-3), 

while substantially lower concentrations were found in combined sewage collectors 

(574 to 625 g m-3). The larger the drainage area was, the lower the CODSOL was found 

in the sample, which reflects the hydraulic retention time in collector systems. Longer retention 

times allow biodegradation process to take place to higher extend during sewage transportation 

to WWTP. The comparison of sewage quality from villages vs. cities in Egypt published 
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Elmitwalli et al. (2003), where CODT of villages and cities sewage ranged 

from 992 to 1,498 g m-3 and 346 to 653 g m-3, respectively. Even more concentrated sewage 

(1,683 g m-3 in winter, 2,982 g m-3 in summer) observed Kassab et al. (2013) in Jordan, 

or Mahmoud et al. (2003a) in Palestine (from 1,092 to 3,812 g m-3). In the Czech Republic, 

there the average sewage CODT was 809 g m-3 at 2015 (eAgri). The CODS fraction 

of the sewage sample collected in this study represented from 56 to 80% of CODT (Table 2-2). 

Therefore, hydrolyses should be the limiting step for psychrophilic anaerobic biodegradability 

of sewage, as pointed out by many studies (Dhaked et al., 2010; Lettinga et al., 2001; Lettinga 

et al., 1983). Large variation was also observed in VFA composition: In 1,2 million inhabitant 

sewer system (Prague), only 20 g m-3 COD was present as VFA, while as high as 90 g m-3 COD 

as VFA was measured in sewage from 2,000 PE area. The portion of sewage VFA on CODSOL 

content was from 8 to 32% (Table 2-2), depending on sewage freshness. The acidified fraction 

(VFA) was less than 10% of CODT for all sewage samples, which is in agreement with findings 

by Mahmoud et al. (2003a). 

Extensive international research on grey water (discharges from kitchen sinks, showers, baths 

and washing machines) quality conducted Hernández Leal et al. (2011), who compared large 

amount of samples (192 proportional samples from 32 houses from 8 countries over the period 

of 14 months). They observed average CODT concentration of 724 g m-3, with particulate, 

colloidal and soluble fractions of 34, 25 and 38%, respectively. Although great amount 

of technological data was published there, such as biodegradability, surfactants content 

and salinity, only grey water was investigated in that study. 

2.3.2 Anaerobic biodegradability of sewage 

The anaerobic biodegradability of sewage at 15 °C varied from 50 to 75%, with an average 

of 62 ± 8% (Table 2-4). Interestingly, no correlation between CODSOL/CODT 

ratio and biodegradability was found (Fig. 2-1). The highest biodegradability (75%) at 15 °C 

was achieved after 64 days of BMP test with sewage S and inoculum A, while 87% 

was achieved at 35 °C after 49 days also with sewage S, but with inoculum C35. Anaerobic 

biodegradability values at 15 °C are comparable to the values reported for higher temperatures. 

Elmitwalli et al. (2001) found anaerobic biodegradability of raw sewage to be 74% at 20 °C, 

while Halalsheh (2002) observed 76% at 25 °C. This indicates that the anaerobic 

biodegradability of sewage from diverse sources is relatively consistent no matter what process 

temperature is applied. 
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Table 2-4. Estimated technological parameters for anaerobic digestion of sewage at 15 °C 

(*and 35 °C) resulted from the BMP experiments with different sources of inoculum 

and sewage. Standard deviations based on defined replicates for both sets of BMP experiments 

are provided in the brackets. 

Inoculum Sewage 
F/M / kg kg-1 

(CODadded, VSS) 

Y / m3 kg-1 

(CH4, CODadded) 

SMA / L kg-1 d-1 

(COD-CH4, VSS) 

Anaerobic 

biodegradability 

 / kg kg-1 

(CODCH4, CODadded)  

A S 0.51 0.262 (± 0.021) 12.4 0.75 (± 0.06) 

B S 0.53 0.222 (± 0.067) 7.7 0.64 (± 0.19) 

C S 0.52 0.185 (± 0.029) 1.9 0.53 (± 0.08) 

*C35 S 0.53 0.304 (± 0.017) 12.4 0.87 (± 0.05) 

A´ V 

0.75 

0.200 (± 0.019) 11.3 0.57 (± 0.05) 

A´ W 0.176 (± 0.020) 12.9 0.50 (± 0.06) 

A´ X 0.234 (± 0.022) 11.6 0.67 ± (0.06) 

A´ Y 0.192 (± 0.003) 10.0 0.55 ± (0.01) 

A´ Z 0.248 (± 0.010) 16.6 0.71 ± (0.03) 

 

The highest methane yield of 0.262 m3 kg-1 (CH4, CODadded) was achieved with the adapted 

inoculum (A), while only 0.185 m3 kg-1 (CH4, CODadded) was produced with originally 

mesophilic inoculum (Table 4). The average methane yield of 6 different sewage samples was 

0.22 ± 0.03 m3 kg-1 (CH4, CODadded). These results are similar to 0.22, 0.14 and 0.10 m3 kg-1 

(CH4, CODadded) observed by Lettinga et al. (1983) during summer, fall/spring and winter 

period of sewage treatment in their UASB reactor, respectively. At the end of the BMP assays, 

the bottles headspace contained on average 84 ± 2 % vol. CH4, showing slightly increased CO2 

solubilization at psychrophilic conditions. Although dissolved methane in a BMP testing 

represents only a minor portion of COD balance (in our experiment less than 5%), in real-scale 

applications of low temperature anaerobic digestion of sewage, the over 50% production 

can be lost dissolved in the effluent (Dolejs et al., 2017). 
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Figure 2-1 Anaerobic biodegradability of sewage at 15 °C observed in BMP tests of 6 different 

sewage samples in correlation to initial sewage quality; sewage samples: S (×), V (◊), W (○), 

X (Δ), Y (□), Z (▬) 

2.3.3 Kinetics of methane production from sewage 

The average SMA of 6 different sewage samples was 12.5 ± 2.1 L kg-1d-1 (CH4, VSS). 

Relatively small difference between observed SMA shows that the inoculum had almost 

the same affinity to all tested sewage samples, showing the importance of inoculum selection 

rather than sewage quality. This is in agreement with De Vrieze et al. (2015), who tested 

5 different inocula and its performance during anaerobic digestion of waste activated sludge 

and glycerol, but at mesophilic temperature. Similarly, Koch et al. (2017) stated that the choice 

of inoculum had no significant impact on the specific methane yield, but inoculum´s origin 

impacted SMA during mesophilic AD of solid substrates. This finding is crucial 

from the technological point of view, since sewage quality cannot be controlled in practice, 

but inoculation can be properly planned prior to technology commissioning. We found 

the highest SMA of 16.6 L kg-1d-1 (CH4, VSS) (Table 2-4), which is comparable to 20.9 L kg-

1d-1 (CH4, VSS) observed by Zhang et al. (2013), who also investigated an intensification option 

for low temperature sewage treatment in lab-scale. 

The Monod-based model extended for two-component substrate was employed to simulate the 

principal kinetic patterns of methane production at low-temperature anaerobic digestion 

of sewage obtained from BMP assays. The kinetic parameters for each experiment, i.e. SRB 

and SSB, rmax, KS and λ are summarized in Table 2-5. We found that methane formation 

from all sewage samples could be fitted with this model credibly (correlation coefficient 

R2 > 0.99 for all BMP tests except for sample B (R2 > 0.98)). 
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Comparing different inocula 

The inoculum well adapted to psychrophilic conditions (biomass A) showed 

the same maximum methane production rate at 15 °C as the mesophilic inoculum (C35) at 35 

°C (rmax 0.038 d-1 for both), which was the highest value obtained from all experiments. 

The overall difference was only in deeper anaerobic degradation of sewage detected as higher 

methane yield (Table 4). This contradicts the general claim by many others (Foresti et al., 2006; 

Lettinga et al., 2001; Rebac, 1998) that the activity of biomass at psychrophilic conditions 

is considered low and support the evidence of high-rate psychrophilic methanation (Dhaked et 

al., 2010; Gomec, 2010). The lowest rate constant (rmax 0.012 d-1) was detected for BMP 

of sewage using the same mesophilic inoculum (C), but carried out at 15 °C, showing the great 

importance of inoculum temperature adaptation. The two different lag phases occurred for each 

anaerobic degradation of sewage (Table 2-4). Firstly, readily biodegradable substrate 

was utilized and once depleted, slowly biodegradable substrate started to be degraded. 

This behavior is visible as a hump on the cumulative methane production curves (Fig. 2-2). 

 
Figure 2-2. Psychrophilic anaerobic digestion of identical sewage (S) using three different 

anaerobic biomass sources: A (◊), B (∆) and C (○,●). Experiments shown with open symbols 

(◊, ∆, ○) were performed at 15 °C, while experiment with close symbol (●) was performed 

at 35 °C. Plotted points (median value from each replicate) are fitted to Monod-based model 

(solid lines). 
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Figure 2-3. Psychrophilic anaerobic digestion of five different sewage samples using identical 

biomass source (A´): V (◊), W (×), X (○), Y (∆) and Z (□). Plotted points (median value 

from each replicate) are fitted to Monod-based model (solid lines). 

Comparing different sewage samples 

In the second experiment series, we observed the same rate constant (rmax = 0.035 d-1) 

for all tested sewage samples, expressed as one rmax that fits for all experiments with identical 

inoculum (Table 2-5). Accordingly, all 6 sewage samples contained qualitatively similar 

portion of readily biodegradable and slowly biodegradable substrate (86.5% ± 2.3% and 13.5% 

± 2.3%), which was derived from fitting of experimental data with the model for all experiments 

(Table 2-5, Fig. 2-3). The slowly biodegradable substrate was utilized after 24 to 37 days, 

showing its great lag phase (Table 2-5, Fig. 2-3).  

Lew et al. (2009b) described the sewage degradation as a soluble fraction degrading according 

to zero-order kinetics and the colloidal fraction (between 0.45 and 4.5 μm) 

that first disintegrates into a particulate fraction smaller than 0.45 μm before finally degrading. 

The colloidal degradation processes thus follow a first-order kinetic. In contrast, suspended 

solids (bigger than 4.5 μm) degrade to soluble and colloidal fractions according to first-order 

kinetics. For this deep evaluation of sewage anaerobic biodegradability, it is necessary 

to perform overall chemical characteristics and fractionation. 
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Table 2-5. Kinetic parameters estimated from psychrophilic BMP of different sewage samples. 

  
Readily biodegradable substrate Slowly biodegradable substrate 

 

Inoculum Sewage SRB 

(kg COD m-3) 

λ 

(d) 

rmax 

(d-1) 

KS 

(kg COD m-3) 

SSB 

(kg COD m-3) 

λ 

(d) 

rmax
*

 

(d-1) 

KS
* 

(kg COD m-3) 

R2 

 

A S 0.143 4 0.038 0.20 0.025 47 

0.003 0.01 

0.9975 

B S 0.123 3 0.018 0.04 0.018 80 0.9821 

C S 0.020 16 0.012 0.20 0.088 73 0.9994 

*C35 S 0.175 0 0.038 0.23 0.020 35 0.9983 

A´ V 0.205 1 0.035 0.2 0.025 37 

0.005 0.01 

0.9974 

A´ W 0.100 1 0.035 0.2 0.014 24 0.9942 

A´ X 0.245 1 0.035 0.2 0.045 30 0.9950 

A´ Y 0.215 1 0.035 0.2 0.043 35 0.9967 

A´ Z 0.135 5 0.035 0.2 0.014 25 0.9969 

* these parameters were estimated roughly to best fit the experimental data, but due to the lack of data points should not be overestimated. 

R2 represents the correlation coefficient between model and measured data points. 
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2.3.4 Methanogenic community evolution during BMP of sewage 

All examined inoculum samples contained significant amount of Methanosarcinales. 

The inoculum A was dominated by Methanosaeta spp. (Fig. 2-4a) and no visible changes were 

observed after 85 days of incubation. This suggests that the inoculum from a lab-scale 

psychrophilic UASB reactor contained already stable and powerful methanogenic community, 

which is in accordance with the BMP results. The inoculum B contained besides Methanosaeta 

spp. also substantial amount of Methanosarcina spp. aggregates (Fig. 2-4b). However, 

at the end of the BMP test, few aggregates of Methanosarcina spp. were detected. The biggest 

changes were observed in the inoculum C, which contained significant amount 

of Methanosarcinales, but Methanosarcina spp. was under detection limit and only some cells 

of Methanosaeta spp. were detected. This means that other members of Methanosarcinales 

order were present in this inoculum (Fig. 2-4c). At the end of the test at 15 °C, some aggregates 

of Methanosarcina spp. were found in the sample and the amount of Methanosaeta spp. 

also increased (Fig. 2-4d). On the other hand, no significant changes were observed in the signal 

of Methanosarcinales during the BMP test at 35°C. This indicates that temperature change 

played important role in methanogenic community shift which is in accordance 

with other studies (McKeown et al., 2009; Gunnigle et al., 2015). 

In all the samples, no hydrogenotrophic methanogens were detected by FISH. The reason 

can be more complex cell wall which is difficult to penetrate to enable probe hybridization 

(Valle et al., 2015). 
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Table 2-6 FISH results of the different inoculum samples during BMP assays. (+) positive 

signal in ≤ 10 vision fields of the investigated well on a slide, (++) in > 10 vision fields, 

but not in all, (+++) in every vision field, (-) no signal. 

Probe Specificity 

A B C C35 

Sampling day of BMPs 

0 85 0 85 0 85 85 

ARC915 Archaea +++ +++ +++ +++ +++ +++ +++ 

Acetoclastic methanogens 

MSMX860 most Methanosarcinales +++ +++ +++ +++ +++ +++ +++ 

MX825 Methanosaeta spp. +++ +++ +++ +++ + ++ + 

Mixotrophic methanogens 

MS821 Methanosarcina spp. - - +++ + - + - 

Hydrogenotrophic methanogens 

MB1174 

Methanobacterium spp., 

Methanobrevibacter spp., 

Methanosphaera spp. 

- - - - - - - 

MG1200b most Methanomicrobiales - - - - - - - 

MC1109 Family Methanococcaceae - - - - - - - 
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a. A0_MX825 b. B0_MS821 

  

c. C0_MSMX860 d. C85_MX825 

Figure 2-4. FISH signal of anaerobic sludge of Cy3-labeled probes (pink) and DAPI stain 

(blue). Figure 2-4a – Methanosaeta spp.in original inoculum A; Figure 2-4b - Methanosarcina 

spp. in original inoculum B; Figure 2-4c –Methanosarcinales order in original inoculum C 

and Methanosaeta spp. in inoculum C on day 85 of BMP experiment (Figure 2-4d). 
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2.4 Conclusions 

Anaerobic sewage treatment under psychrophilic conditions is still viewed as a challenge, 

mainly due to the assumption of strong negative temperature dependence on anaerobic 

degradation kinetic of municipal sewage. But, this study contradicts this general claim 

and clearly show that the kinetics of psychrophilic AD of sewage can be similar to mesophilic 

conditions. We provide detailed investigation of psychrophilic AD kinetics supported by model 

calculations fitted to real-condition datasets. The novel messages based on BMP assays of real 

sewage samples are drawn below: 

• The inoculum well adapted to psychrophilic conditions (A) showed the same activity 

at 15 °C as the mesophilic inoculum (C35) at 35 °C. 

• All tested sewage samples had similar biodegradability (62 ± 8% at 15 °C), while 

no correlation of biodegradability with different raw sewage quality was found. 

•  All sewage samples contained the same portion of readily biodegradable (86.5%) 

and slowly biodegradable substrate (13.5%). 

• The same rate constant (rmax = 0.035 d-1) fitted for all tested sewage samples. 

Energy neutrality in municipal wastewater sector is no more a dream, but still is rarely achieved 

with conventional aerobic treatment pathways. The present data are crucial for prediction 

of sewage utilization rates and the design and engineering of new anaerobic digesters 

for sewage worldwide. It was shown that a sewage anaerobic biodegradability rate 

can be the same (0.038 d-1) at 15 °C and 35 °C. It means sewage treatment via anaerobic 

pathway can be feasible even in moderate/cold climate with similar area footprint, 

with all anaerobic benefits, such as direct methane production. 
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3 EFFECT OF PSYCHROPHILIC TEMPERATURE SHOCKS 

ON A GAS-LIFT ANAEROBIC MEMBRANE BIOREACTOR 

(GL-ANMBR) TREATING SYNTHETIC DOMESTIC 

WASTEWATER 2 
 

 

 

 

 

Abstract 

Municipal wastewater is a renewable resource containing energy, nutrients and water. 

These valuables can be recovered via new, innovative technologies, such as the gas-lift 

anaerobic membrane bioreactor (Gl-AnMBR), which is especially suitable for decentralized 

wastewater treatment. To better understand the effects of fluctuating environmental conditions 

on the treatment performance, the impact of short-term temperature shocks was studied. 

We present a laboratory study of a 10 L Gl-AnMBR equipped with an external tubular 

ultrafiltration membrane treating synthetic domestic wastewater at mesophilic (35 °C) 

conditions with a series of short-term (12-48 h) cold (15 °C) shocks applied prior to switching 

to psychrophilic (15 °C) conditions. The average COD removal under mesophilic conditions 

was as high as 94 ± 2%, even during the temperature shocks. Under psychrophilic conditions, 

more than 80% of the influent COD accumulated (compared to 39% under the mesophilic). 

Overall, results suggest that an abrupt and short-term temperature decrease from 35 to 15 °C 

can largely be absorbed by our system with no negative effect on effluent quality. 

  

 
This Chaper is based on the research outcomes published in Journal of Water Process Engineering in 2017; 

Reference: Dolejs, P., Ozcan, O., Bair, R., Ariunbaatar, J., Bartacek, J., Lens, P.N.L., Yeh, D.H. 2017. Effect 

of psychrophilic temperature shocks on a gas-lift anaerobic membrane bioreactor (Gl-AnMBR) treating synthetic 

domestic wastewater. Journal of Water Process Engineering, 16, 108-114. 
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3.1 Introduction 

Municipal wastewater is a by-product of sanitation in urban areas. While traditional wastewater 

treatment has focused on the removal of undesirable constituents (e.g., organic matter, nutrients, 

and pathogens), wastewater is increasingly viewed as a valuable source of energy, nutrients 

and water (Guest et al., 2009). In addition to fresh water that can be reclaimed and nitrogen 

and phosphorus that can be captured as fertilizer, domestic wastewater contains considerable 

amounts of energy stored in the chemical bonds within the organic wastes. This stored chemical 

energy within wastewater is increasingly recognized as a valuable commodity that should 

be harvested at wastewater treatment plants (WWTPs), rather than removed. As the general 

paradigm shifts towards viewing wastewater as a resource, the need for developing 

more efficient and capable ways of recovering these resources becomes more apparent (Tauseef 

et al., 2013; Verstraete et al., 2009). 

A large portion of the stored chemical energy in wastewater can potentially be recovered 

through anaerobic digestion (AD) of the organic material into methane gas. The typical 

approach is to utilize off-line anaerobic digesters to convert settled wastewater solids and waste 

activated sludge (WAS) biomass to biogas.  There are two problems with this approach: 1) 

considerable energy is expended in conventional activated sludge (CAS) to convert 

the dissolved organic matter to cell mass (Martin et al., 2011), negating subsequent energy 

recovery from AD and; 2) the anaerobic conversion of WAS to methane comes after the step 

where at most 50% of the organic matter is aerobically assimilated to biomass, hence the energy 

transfer from dissolved organic to WAS to the methane, is rather inefficient. In recent years, 

the anaerobic membrane bioreactor (AnMBR) technology has gained popularity as an appealing 

alternative for direct wastewater treatment due to certain advantages over conventional aerobic 

and anaerobic treatment processes, as well as over the aerobic membrane bioreactor (MBR) 

technology (Lin et al., 2013; McCarty et al., 2011). However, since the temperature 

of municipal wastewater in temperate climates is generally low (below 20 °C), anaerobic 

reactors experience diminished solids and organic removal efficiencies due to decreased 

kinetics. While there are many full scale anaerobic (mainly UASB reactors) applications 

for domestic wastewater treatment in tropical areas (Aiyuk et al., 2006), psychrophilic 

temperatures remain challenging for treating low strength wastewaters (Smith et al., 2012). 

A considerable number of studies on AnMBRs have focused on biofouling (Gao et al., 2010; 

Lin et al., 2010; Martin-Garcia et al., 2011), which results in decreased permeate flux (Torres 

et al., 2011) and an increase of energy consumption (Martin et al., 2011; Prieto et al., 2013; 

Wei et al., 2014). Studies have also shown the feasibility of mesophilic (and thermophilic) 

AnMBRs for treatment of both synthetic and real municipal wastewaters (Lin et al., 2013; 

Ozgun et al., 2013). In the past ten years, the phenomenon of increased methane solubility under 

psychrophilic temperatures, leading to its loss in the effluents of anaerobic digesters, has 

become an increasingly important concern. There are some studies of methane emissions during 
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CAS (Cakir & Stenstrom, 2005; Daelman et al., 2012), but thus far little is known about the 

energy lost via dissolved methane in the effluent during psychrophilic AD (Giménez et al., 

2012). 

Another area of knowledge gap is reactor response to temperature changes and especially 

to abrupt drops in temperature, which may occur due to fluctuations in weather conditions 

or abrupt loss of reactor heating. Gao et al.  reported a submerged AnMBR treating industrial 

wastewater can be highly resilient to temperature variations (from 37 to 55 °C) in terms 

of chemical oxygen demand removal and biogas production (Gao et al., 2011), although 

the temperature change affected the richness and diversity of microbial populations (Gao et al., 

2012). Furthermore, namely the issue of temperature decrease becomes even more important 

when considering small-scale installations with limited operation oversight and higher 

vulnerability to reactor heating failures. As decentralized wastewater treatment technologies 

gain prominence, short-term temperature fluctuations (i.e., shocks) and their effect on AnMBR 

performance need to be understood and characterized. This study aims at testing the robustness 

of a gas-lift anaerobic membrane bioreactor (Gl-AnMBR) meant for decentralized sewage 

treatment, such as communities of the future with sustainable sanitation. Knowing the minimal 

guaranteed pollutant removal efficiency will be a key factor which determines whether 

such technology is feasible and reliable for on-site sewage treatment or even resource recovery. 

This research expands the Gl-AnMBR concept described by Prieto (Prieto et al., 2013) 

and investigated the aforementioned gap in the literature by the long-term operation of an Gl-

AnMBR treating low-strength synthetic municipal wastewater.  The bioreactor was operated 

under mesophilic and psychrophilic conditions, with a transition period between mesophilic 

and psychrophilic phases containing several psychrophilic shocks (12-48 h) to gauge 

the stability of the system. The issue of dissolved methane is also discussed.  

3.2 Material and methods 

3.2.1 Experimental set-up 

The laboratory-scale Gl-AnMBR was comprised of an upflow anaerobic bioreactor column 

(10L liquid volume plus 3L headspace) coupled to external tubular ultrafiltration membrane 

modules (Fig. 3-1). The external membrane system consisted of two modules, each with three 

8 mm ID polyvinylidene fluoride (PVDF) tubular membranes (Pentair X-Flow, F5385) 

with a mean pore size of 0.03 µm and overall active filtration area of 0.066 m2 per module. 

During the whole reactor operation, no biomass was wasted, except sampling, which resulted 

in a sludge retention time above 300 days. Temperature control at 35 and 15 °C was provided 

by a water jacket and water bath.  
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Figure 3-1. Gl-AnMBR flow scheme (dashed line indicates gas stream, thick lines indicates 

sludge stream, thin lines indicate influent/permeate/effluent stream). 

Membrane feed (reactor liquor) was taken from the upper part of the bioreactor column 

and delivered to the membrane by a peristaltic pump with a cross flow velocity (CFVL) 

of 0.1 m s-1. To minimize membrane fouling, recirculated biogas taken from the headspace was 

introduced to the bottom of the membrane tube at a CFVG of 0.02 m s-1. The rising gas bubbles 

were expected to improve the filterability of the reactor supernatant, which reduced pumping 

requirements for membrane feed flow and permeate production (Futselaar et al., 2007). 

According to this, a gas/liquid flow ratio (Ԑ) of 0.2 was applied, similarly as suggested 

previously (Prieto et al., 2013). Periodic backwashing with permeate, via permeate pump 

reversal (50 min forward, 3 min reverse), was also used to help reduce biofouling.  The same 

flux for forward and reverse operation was used, according to Lew et al. (2009a). Chemical 

cleaning of the membranes with bleach solution (at a NaClO concentration of 500 ppm for 30 

min) was applied three times (on day 19, 42 and 89), after the transmembrane pressure (TMP) 

exceeded 20 kPa. A membrane permeate flux (J) of approximately 4 L m-2 h-1 (LMH) was 

maintained.   

The system was operated as described by Torres et al. (2011), i.e. excess permeate was 

recirculated back to the bioreactor, which allowed the system to achieve a constant HRT of 30-

36 h. All of the following data were recorded using a HOBO data logger (ONSET Computer 
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Corporation, MA, USA): permeate flux measured continuously using a self-fabricated flow 

measurement device consisting of a level sensor and a discharge pump (which generated 

discrete pulses corresponding to finite volumes of permeate discharged as it was being produced 

by the system), biogas production values using a modified wet-tip meter 

(WetTipGasMeter.com), reactor temperature via ONSET temperature probes, and TMP 

via pressure transducers (Cole Parmer, IL) installed in feed, retentate and permeate lines 

of the membrane modules. 

3.2.2 Synthetic sewage 

For mimicking real sewage with its typical properties, Complex Organic Particulate Artificial 

Sewage (COPAS) was used, as reported previously (Prieto et al., 2013). This feeding is based 

on granular cat food in which organic matter i.e. volatile solids (VS) 92% and 8% 

ash is composed of 40% proteins, 43%  carbohydrates and 17% lipids, with overall elemental 

composition C:N:P ratio of 48.1:6.4:1.6 (w/w) and biodegradable fraction of approximately 

65%. COPAS was used at chemical oxygen demand (COD) and total suspended solids (TSS) 

concentrations of 1000 (± 165) mg L-1 and 400 (± 168) mg L-1, respectively, which corresponds 

with real sewage characteristic for on-site wastewater treatment systems with a separated 

stormwater sewer  (Henze et al., 2008; Tchobanoglous et al., 2014). 

3.2.3 Inoculation 

The reactor was inoculated with sludge from a mesophilic anaerobic digester treating primary 

and secondary solids (Howard F. Curren Advanced Wastewater Treatment Plant, Tampa, 

Florida, USA). The TS and its volatile fraction, TSS, VSS, alkalinity, pH, ammonia nitrogen 

(NH4
+-N) and total phosphorus (TP) were 18.6 mg L-1 and 70%, 16.55 mg L-1, 12.05 mg L-1, 

5.7 mg L-1, 7.75, 315 mg L-1 and 60 mg L-1, respectively. The inoculum was sieved through 

a Number 20 mesh (0.84 mm opening) to remove debris such as hair or seeds. 

3.2.4 Phases of the Gl-AnMBR operation 

During the 209 days of operation, the reactor was set to varying HRTs at constant feed strength 

(Table 3-1). Data from the first 41 days are not shown due to system adjustments arising 

from the transfer of sludge from the municipal digester to the Gl-AnMBR.  Phase I (Days 42-

83) represented stable baseline conditions according to COD removal. During Phase II (Days 

84-185), several short term temperature shocks (Table 2) were applied to study their effect 

on the COD removal, overall stability of the reactor and biogas production 

as well as loss of dissolved methane in the permeate. During Phase III (Days 186-209), 

the reactor was operated under psychrophilic conditions to study the transitional period and 

its overall performance at low temperature.  The reactor’s temperature profile during Phases I-

III is shown in Figure 3-2. 
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Table 3-1. Stages of the Gl-AnMBR operation. 

Phase 

(days of operation) 

T 

[°C] 

HRT 

[h] 

OLR 

[mg CODt L-1 d-1] 

Influent 

(substrate, buffer) 

I (42 – 83) 

II (84 – 185) 

III (186 – 209) 

35 

35 (15) 

15 

36 

30 

30 

619 ± 83 

810 ± 95 

880 ± 78 

COPAS 

COPAS 

COPAS + NaHCO3
- (1 g L-1) 

 

Table 3-2. Temperature shocks from baseline mesophilic temperature of 35 (±1.5) °C during 

Phase II of Gl-AnMBR operation. 

 

 

 

 

 
Figure 3-2. Temperature profile during the entire Gl-AnMBR operation, each arrow shows 

a temperature shock and its duration. 

 

Phase I: Baseline period 

Starting on Day 42, the reactor was operated under mesophilic conditions as described 

in Table 3-1 without any interruption until Day 83, when the HRT was lowered to 30 h. 

Phase II: Temperature shocks 

During Phase II, the reactor was subjected to seven temperature shocks as described in Table 

3-2. The temperature shocks were simulated by suddenly decreasing the temperature from 35 

Day of operation Temperature shock 

[°C] 

Duration 

[h] 

109 

113  

130 

144 – 145 

15 

4 

15 

15 

12 

16 

24 

48 

162 

169 

178 - 179 

15 

15 

15 

12 

24 

48 
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°C to 15 °C. These shocks lasted 12, 24 or 48 hours (chiller ON times, measured from the onset 

of temperature decline to the onset of temperature recovery). The reactor was able to adjust 

back to the normal operating temperature within 2-3 hours upon the end of the shock. 

The second shock (4 °C) on Day 113 was an unplanned exception, due to chiller equipment 

failure. 

Due to consistently lower than neutral reactor pH (averaged 6.6), sodium bicarbonate (1 g L-1) 

was added to the feed solution starting from Day 149 onwards the pH averaged 7.1. 

Phase III: Psychrophilic conditions 

On Day 186, the operating temperature was decreased from 35 to 15 °C and maintained 

at that temperature for another 3 weeks. 

 

3.2.5 Analytical methods 

TS, TSS and VS characterization was performed as described in Standard methods (APHA, 

2005). Total and soluble chemical oxygen demand (CODt, CODs) as well as total nitrogen 

(TN), TP and NH4
+-N were measured using Hach HR digeston vials and Hach Test´n TubeTM 

vials (Hach company, CO, USA), respectively. Soluble fractions of COD, TN, TP and reactor 

supernatant were measured post-centrifugation at 5000 rpm for 15 min. All gas measurements 

were recalculated to standard temperature and pressure conditions (STP), i.e., 0 °C and 101.325 

kPa. Volatile fatty acids (VFA) in the supernatant and methane content in the biogas were 

measured using a gas chromatograph (GC) (Agilent Technologies, CA, USA) equipped 

with a flame ionization detector (FID) and a column with the dimensions: 30 m x 0.25 mm ID, 

0.25 µm film (Supelco Nukol).  

Dissolved methane in the effluent was evaluated by stripping methane from the liquid sample 

according to Rudd et al. (1974), at least twice a week since Day 88 (Phases II and III). Briefly, 

effluent samples (50 mL) were carefully collected in the serum bottle prefilled with nitrogen, 

sealed with a rubber stopper and vigorously shaken for 5 min to allow for diffusion of dissolved 

gasses in the liquid sample into the headspace. Then, the compostion of the headspace gas was 

determined by GC. Assuming that more than 98% of the dissolved methane escaped 

from the liquid to the headspace (Rudd et al., 1974), the mass balance based on daily effluent 

production and its saturation was calculated. 

Total filtration resistance (R) was calculated according to Jeison (Jeison, 2007) and dynamic 

viscosity (ŋ) of the permeate was assumed as water viscosity, as suggested by Prieto (Prieto, 

2011) for identical reactor feed. Dynamic viscosity was calculated with the temperature 

correction to 20 °C to compensate the dependence of viscosity on actual temperature using 

equation (3.1) (Gao et al., 2012): 
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ŋ𝑡 = ŋ20 ·  𝑒−0.0239(𝑇−20)        (3.1) 

3.3 Results and Discussion 

3.3.1  Membrane performance 

The membrane flux stabilized at approximately 4.5 LMH after the start-up period (Fig. 3-3). 

In the literature, depending on the wastewater type used in different studies, comparable fluxes 

ranging between 3 and 7 LMH were achieved by Jeison and van Lier (2008) with an AnMBR 

(submerged membrane configuration) treating VFA-based influent, or by Padmasiri et al. 

(2005) using an external tubular UF membrane while treating swine manure. Prieto et al. (2013) 

determined sustainable flux with the same membrane configuration as used in this study treating 

the same wastewater (COPAS) at 12 LMH, but using the gas-lift operation at a higher CFVL 

of 0.5 m s-1 and an Ԑ value of 0.1. 

The TMP temporarily increased only slightly as the result of decreased temperature during 

the shocks in Phase II, likely due to higher water viscosity. This effect was reversible 

and once temperature raised to 35 °C, the TMP decreased back to its original values. Moreover, 

these TMP increases were similar for each temperature shock, showing that no significant 

membrane fouling occurred over the reactor operation. The increased water viscosity 

or accumulated COD may have induced the slight TMP increase under psychrophilic conditions 

during Phase III, which is in accordance with Martinez-Sosa et al. (2011). This confirmed 

also comparable total filtration resistances for both Phases II and III and for the temperature 

shock on day 131 (Table 3-3).  

It means that water viscosity has only little effect on total filtration resistance when the flux 

and TMP is stable. Likewise as observed by Prieto with similar experimental setup but higher 

temperature, with our set of experiment TMP seems completely independent from flux (Prieto, 

2011). 

 

 

 

 

Table 3-3. Membrane fluxes (J) and total filtration resistance (R) under different temperatures 

and temperature shock. 

Phase 

*(days of operation) 

T 

[°C] 

J 

[L m2 h-1] 

R 

[1013 x m-1] 

II (84 – 185) 

15 °C shock at 35 °C (131) 

35 

15 

4,28 

4,22 

1,49 

1,80 

III (186 – 209) 15 4,37 1,53 
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* Total filtration resistances (R) were calculated from the average values of fluxes and TMPs 

during the studied Phases; the 15 °C shock on day 131 in Phase II was selected 

as a representative one. 

 

 
Figure 3-3. Performance of membrane module during the Gl-AnMBR operation: Flux (◊) 

and trans-membrane pressure (○) (TMP). 

 

3.3.2 Treatment Performance 

Solids 

The VS concentration inside the reactor varied from 4.4 to 6.5 g L-1 during Phases I and II. 

No correlation was observed between the VS concentration and the temperature changes. 

Since the psychrophilic mode was introduced on Day 186, an increase of solids concentration 

was observed, which can likely be explained by poor hydrolysis of the incoming solid particles 

and their subsequent accumulation in the sludge bed. Also a slight increase of the average 

TS/TSS ratio in Phases I, II and III was observed from 1.11 to 1.16 to 1.28, respectively, 

while no changes in the VS/TS ratio occurred (average 0.70 ± 0.01 for whole reactor operation).  

COD removal 

After the start-up period (Phase I), COD removal for both CODt and CODs stabilized (Fig. 3-

4B). CODt and CODs removal efficiencies during Phase II averaged 94 (± 2)% and 84 (± 8)%, 

respectively. This corresponds to an average effluent CODt concentration of 55 (± 18) mg L-1 

(Fig 3-4A). No fluctuations in COD removal efficiency were observed during the temperature 

shocks, which is in accordance with other studies, treating industrial wastewater (Gao et al., 

2011; Gao et al., 2012). This shows that the UF membranes were able to compensate 

for reduced COD removal during the shocks. However, when psychrophilic temperatures were 

applied for a longer time (Phase III), the CODt and CODs removal eficiencies decreased 

slightly to 90 (± 1)% and 63 (± 5)%, respectively. Average effluent CODt concentration 

increased to 104 (± 11) mg L-1 during Phase III (Fig. 3-4B). In an anaerobic baffled reactor 

treating dilute wastewater (at 0.5 g COD L-1 d-1) at a temperature range between 35 to 10 °C 

without membrane unit but with a HRT of 10 h, Langenhoff et al. (2000) observed a decrease 
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of the CODt removal efficiency from 95 to 60%, corresponding to an average effluent COD 

concentration of approximately 100 to 200 mg L-1. They stated that membranes could be a good 

polishing step for achieving stable effluent concentrations even under psychrophilic conditions. 

Other anaerobic systems working at 15 °C – 35 °C showed lower COD removal efficiencies: 

Mahmoud et al. (2004) observed the CODt and CODs removal efficiencies of only 66 and 30%, 

respectively, while treating municipal wastewater in a UASB-Digester at a HRT of 6 hours. 

 

Figure 3-4. The COD in the reactor during the Gl-AnMBR operation: (A) CODt (♦) and CODs 

(□) in the influent and CODt (▲) in the effluent, (B) CODt removal efficiencies (●) and CODs 

removal efficiencies (○);  Each arrow shows the temperature shock of 15 °C except the second 

one (Day 115), when 4 °C was accidently applied.



 

43 

 

VFAs 

During the Phase I, accumulation of VFA 

was observed with a maximum 

concentration of acetic, propionic and n-

butyric acid of 158, 98, 102 mg L-1, 

respectively (Fig. 3-5), due to a temporarily 

overloaded and unadapted inoculum. 

However, this accumulation was relatively 

minor and did not cause serious 

acidification during the start-up period. 

Since Day 74, the residual concentration of 

acetic acid averaged at 5.6 (± 3.8) mg L-1 

until the psychrophilic conditions were 

introduced and the production subsequently 

decreased below detection limit. Propionic 

and n-butyric acids showed a similar profile 

as acetic acid, but with a low concentration 

of around 1 mg L-1. When several 

temperature shocks were applied during 

Phase II (Table 3-2), significant 

accumulation of VFA was not observed.  

These results show that the process was 

very stable during the temperature changes 

from mesophilic to psychrophilic 

conditions. Massé et al. (2003) observed 

higher VFA concentrations during 

the temperature drops from 20 to 10 °C in 

their SBR when treating swine manure 

at an identical OLR. However, these VFA 

accumulations had only temporary effects 

on the performance and stability of their 

process. The peaks in propionate and n-

butyrate concentrations on Day 151 

correspond to a biogas production check, 

when small amounts of glucose were fed 

directly to the Gl-AnMBR. After Day 188 

(psychrophilic conditions, Phase III), 

no VFA were detected, likely as the result 

of poor hydrolysis of particulate organic 

matter in the incoming wastewater. 

 
Figure 3-5. Acetic, propionic and n-butyric 

acid concentration in the mixed liquor 

sample from the reactor during the AnMBR 

operation.
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3.3.3 Nutrients 

Nutrient concentrations in the reactor stabilized after 30 days of reactor operation, which was 

a little earlier than observed by Prieto et al. (2013) with an identical substrate. Typical effluent 

concentrations of TN, TP and NH4
+-N were 36 (± 11), 16 (± 3) and 33 (± 9) mg L-1, respectively. 

An AnMBR can remove only a small portion of nutrients, but can be used for the production 

of nutrient-rich effluent. In addition, the retention of biomass together with COPAS leads 

to a longer contact time and consequently organically-bound nutrients are converted 

into their soluble form (Prieto et al., 2013). 

3.3.4 Biogas production  

Figure 3-6 shows the gas production rate and methane yield during Phases II and III. 

The average methane yield at mesophilic temperatures was 0.19 L CH4/g CODremoved (including 

psychrophilic shocks). This yield was considerably lower than the theoretical value 

of 0.35 L CH4/g CODremoved at STP (Tchobanoglous et al., 2014), but agrees with other studies 

(Lin et al., 2013). Moreover, it corresponded with the COPAS biodegradability of only 63% 

(Prieto, 2011). The remaining 39% of COD most probably accumulated in the sludge bed 

due to membrane rejection. Ho and Sung (2010) observed a methane 

yield of 0.22 L CH4/g CODremoved at 25°C when treating synthetic wastewater. 

When psychrophilic conditions were introduced (Phase III), the methane yield dramatically 

decreased to 0.07 L CH4/g CODremoved, and after 18 days biogas production ceased completely. 

During the psychrophilic shocks (Phase II), biogas production almost stopped, but immediately 

after temperature was set back to 35 °C, biogas production recovered (Fig. 6), possibly 

as a result of substrate accumulation during the shocks and its consequent utilization. 

This is in parallel with Gao et al (Gao et al., 2011), who observed opposite effect (increase) 

on biogas production when applied temperature shocks from 37 to 55 °C to their industrial 

AnMBR, and the biogas production stabilized to its original value after 24 hours. We also 

observed increased methane content in the biogas during the psychrophilic shocks (78% 

in volume) in comparison to mesophilic conditions (72%), most likely corresponding 

to a greater effect of low temperatures on the solubility of CO2 in water compared to CH4. 

3.3.5 Dissolved methane in the effluent 

The average dissolved methane concentrations in the effluent were 18 (± 6) mg COD L-1 

at 35°C throughout Phase II, 57 (± 14) mg COD L-1 during the temperature shocks at 15 °C 

(Phase II) and 40 (± 15) mg COD L-1 at psychrophilic conditions (Phase III). These numbers 

are lower than those observed by Bandara et al. (2011), who observed average dissolved 

methane concentrations of 63 and 104 mg COD L-1, respectively, at 35 and 15 °C while treating 

synthetic wastewater in a UASB reactor at a HRT of 10 hours and average OLR of 1.5 g COD 

L-1 d-1. This increase under psychrophilic conditions was attributed to the increase of CH4 
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solubility in the effluent. Smith et al. (2013) observed that 40 – 50% of all methane generated 

in their AnMBR was dissolved in the effluent at 15 °C while treating synthetic wastewater. 

This corresponds with 48% observed in our experiment during Phase II. However, under stable 

psychrophilic conditions (Phase III), the average dissolved methane production was 

0.32 g COD d-1, representing only 18% of the methane generated in our reactor. Under 

mesophilic conditions, approximately 2% of the incoming COD left the reactor as dissolved 

methane. Comparatively, under psychrophilic conditions, these values doubled. Higher 

methane losses of 6% in the effluent observed during 15 °C shocks (Fig. 3-7) can likely 

be explained by the sudden reduction in temperature, which causes higher headspace gas 

(methane) solubility in the reactor liquid. 

 

Figure 3-6. Biogas (○) and methane (●) production rate and methane yield (▬) during 

the Phases II and III of the Gl-AnMBR operation. Gas production is recalculated 

to the conditions of 0°C, 101,3 kPa (STP). 

3.3.6 COD balance  

While 54% of COD from the influent was detected in the biogas at 35 °C (Phase II), 

only 6 and 16% of COD went into biogas, respectively, during the psychrophilic shocks (Phase 

II) and stable psychrophilic operation (Phase III). Note that biogas production ceased 

completely after 18 days of operation at 15 °C. Instead of being transformed into methane, COD 

accumulated in the reactor at 15 °C (Fig. 3-7), as evidenced by accumulation of both VS and TS. 

A minor increase in methane solubilization in the effluent was observed at 15 °C. This shows 

that at 15°C, not only methanogenesis but the whole biological process almost stopped. 

No VFA accumulation neither production occurred (data not shown) and COD accumulation 

in the Gl-AnMBR took place instead of the targeted COD removal. This effect was reversible: 

methane production restarted within several hours after the temperature increased back 

to 35 °C. During the short term psychrophilic shocks (Phase II), almost the same amount 
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of methane as produced in the biogas (6.2%) was dissolved and lost in the effluent (5.7%), 

which is in accordance with Smith et al. (2013). Ho and Sung (2009) reported a COD loss 

in the effluent of approximately 12%, which is much higher than observed in this work (Fig. 3-

7). 

 

Figure 3-7. COD mass balance for Phase II and III during the Gl-AnMBR operation. Mesophilic 

part represents the data from Phase II excluding temperature shocks, Psychrophilic shocks part 

represent the behavior of the system during the 15 °C shocks in Phase II and psychrophilic part 

represents Phase III. 

3.4 Conclusions 

This study demonstrates that our Gl-AnMBR is a robust technology for COD removal from 

diluted wastewater even during short-term temperature decreases to 15 °C. The following 

conclusions could be drawn. 

(1) The average COD removal efficiency under mesophilic conditions was 94%, even when 

temperature shocks (15 °C) were applied. It corresponds to 55 (± 18) mg L-1 COD 

in effluent, which was a superior quality neglecting the short term temperature shock 

even at large (20 °C) magnitudes. 

(2) When psychrophilic conditions were applied for two weeks, COD removal remained 

satisfactory (above 90%), although biogas production caused, revealing the substrate 

accumulation in the reactor. 

(3) The average dissolved methane concentrations in the effluent at 35 °C, during 

the temperature shocks and during operation at 15 °C were 18, 57, and 40 mg COD L-

1, respectively. This corresponds to 1.8, 5.7 and 3.5% of total influent COD. 

(4) Membrane flux and TMP remained stable during the 15 °C shocks and even during 15 

°C operation resulting in only slight changes in total filtration resistances 

due to decreased viscosity of the permeate. 
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4 ANAEROBIC TREATMENT OF WASTEWATER IN COLDER 

CLIMATES USING UASB REACTOR AND ANAEROBIC 

MEMBRANE BIOREACTOR 3 
 

 

 

 

Abstract 

Direct anaerobic treatment in the main line of a wastewater treatment plant is a promising way 

of recovering chemical energy, even in moderate climates. Full-scale applications of upflow 

anaerobic sludge blanket (UASB) reactors are common in warm climates and have recently 

begun to appear in areas with colder climate. Several new types of reactors optimized for low 

temperature treatment were proposed such as UASB-Digester or anaerobic membrane 

bioreactor (AnMBR). However, long-term operation of such systems treating real wastewater 

at winter temperatures is needed to assess their suitability. The aim of this article is to evaluate 

the operation of a laboratory-scale UASB reactor (1.9 L) before and after the installation 

of ultrafiltration membrane for solids separation from the effluent.  

The laboratory model treated wastewater at 15 °C for over 850 days. The organic loading rate 

of the UASB reactor and AnMBR was 1.4 and 1.6 g COD/[L.d], respectively, while 

the hydraulic retention time was around 9 and 10 h. Energy recovery from the wastewater 

in gaseous methane was 4% and 6% in the UASB reactor and AnMBR, respectively. 

The methane content was 63% –17% and 64% –2%, respectively. In the UASB reactor, 64% 

of the influent chemical oxygen demand (COD) was removed in long term. The AnMBR ran 

at average 85% COD removal. Results show that AnMBR can deliver more stable effluent 

quality for wastewater treatment even at low (15 °C) temperature. However, even the AnMBR 

effluent requires further posttreatment. Thus, simpler and less energy demanding UASB 

appears more relevant for wastewater pretreatment under European conditions.  

 
This Chaper is based on the research outcomes published in Environmental Engineering Science in 2016; 

Reference: Hejnic, J., Dolejs, P., Kouba, V., Prudilova, A., Widiayuningrum, P., Bartacek, J. 2016. Anaerobic 

Treatment of Wastewater In Colder Climates Using UASB Reactor and Anaerobic Membrane Bioreactor. 

Environmental Engineering Science 33(11), 918-928 
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4.1 Introduction 

With the discovery of high-rate anaerobic reactors, energy recovery from warm industrial 

wastewaters containing dissolved organic pollution has gained momentum. Since then, 

the development of this technology has been pointing towards colder and more diluted streams 

containing higher amounts of non-dissolved matter such as sewage. Currently, anaerobic 

technology is considered as simple, low-cost solution for sewage treatment with mid-level 

efficiency. Major effort is being exerted to increase the quality of anaerobic effluents. 

The hydrolysis of particulate organic matter is the limiting step for sewage treatment and its rate 

is strongly dependent on temperature (Lettinga et al., 2001). Mesophilic reactors usually consist 

of a single reactor as hydrolysis rate at 35 °C is sufficiently high. However, at lower 

temperatures, accumulation of solids in a single-stage reactor poses the risk of methanogens 

washout. 

There are number of approaches for how to deal with the excessive amount of suspended solids. 

E.g. Wang (1994) used hydrolytic up-flow sludge blanket (HUSB) pretreatment 

with subsequent an up-flow anaerobic sludge blanket (UASB) reactor operating at overall 

hydraulic retention times equal to a single UASB (5 h). Later, UASB-Digester system was 

proposed that enhances the removal of suspended COD allowing short hydraulic retention time 

(HRT) of the main wastewater stream (Lettinga & Hulshoff-Pol, 1991; Mahmoud, 2008). In 

this approach, solids accumulated in a UASB reactor are digested in a mesophilic digester and 

later partially returned back as inoculum with increased methanogenic activity. Recently, 

anaerobic membrane bioreactors (AnMBR) have been used for sewage treatment. AnMBRs 

enable good control over solids retention time and achieve effluent quality unprecedented in 

anaerobic wastewater treatment (Shin et al., 2014). 

All modifications of AnMBR achieve (An et al., 2009) good effluent quality, but require 

complex instrumentation including expensive membrane modules, number of pumps, pressure 

sensors etc. Moreover, the operation of external membrane modules is energetically very 

demanding. Therefore, it must be assessed, whether the gains of AnMBRs are sufficient 

to offset their increased complexity and higher price when compared to the performance 

of UASB reactors.  

The only direct experimental comparison of sewage treatment with simple UASB reactor and 

with AnMBR was published recently by Liu et al. (2013) and Ozgun et al. (2015). However, 

these authors used synthetic wastewater, applied higher temperature (27-30; 25 °C) 

and the operation was rather short.  

This paper aims to compare the performance of lab-scale a UASB reactor and AnMBR treating 

real sewage under conditions relevant for large WWTP operating in temperate climate 

of Central Europe (15 °C). The main objectives were to evaluate (1) COD removal efficiencies 
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of both reactors, (2) the efficiency of energy recovery (methane production) in both reactors 

and (3) COD balance of both reactors. Based on literature data (Ozgun et al., 2015; Shin et al., 

2014), we hypothesized that the effluent of AnMBR will be of high quality in terms of COD 

(between 30 to 100 mg/L) and suspended solids. We also hypothesized energy recovery 

achieved in AnMBR will offset the increased energy consumption and complexity 

of the AnMBR compared to the UASB. 

4.2 Experimental protocols 

4.2.1 The UASB reactor 

The experiment was carried out in 1.9L UASB reactor made of 1 m tall Polymethylmethacrylate 

tube of an inner diameter 52 mm. The sewage was fed to reactor by a peristaltic pump (Watson-

Marlow 101U/R, USA) to the bottom of the reactor (1.5 cm above bottom) at a constant flow 

rate. The organic loading rate thus varied according to the actual sewage strength. Glass marbles 

layer (200 pcs, 1 cm diameter) distributed the flow of sewage at the bottom of the reactor. 

A simple gas-liquid-solid separator was placed on the top of the UASB. It constituted from 

a deflector placed on the reactor wall and a funnel connected to the top of the reactor. 

The production of biogas was measured on-line via gas-meter Ritter MGC-1 (Dr.-Ing. Ritter 

apparatebau GMBH & CO. KG, Germany) connected to a computer.  

Sludge profile measurement was enabled by side-sampling ports having 10 cm spacing. 

To prevent sludge from floating and escape, a sieve and a brush filtered the mixture 

in the reactor, being placed approximately 10 cm beneath the gas-liquid-solid separator. 

Reactor temperature was maintained at 15 °C by a PVC tube wounded around it. The tube was 

connected to cooling circulator (Julabo GmbH, Germany). The temperature setting was based 

on literature, intended to simulate the average winter weather conditions at large wastewater 

treatment plants in Central Europe (Mucha, 2009). 

4.2.2 The AnMBR  

A membrane module was added after 765 days of operation to UASB reactor resulting 

in UASB-MBR reactor hereafter referred as AnMBR. To minimize a hydraulic stress 

on the bioreactor, a novel hydraulic scheme was adopted from Ozgun et al. (2015), (Fig. 4-1, 

Fig. 4-2 A). The novelty was in using side crossflow membrane while not disturbing 

the bioreactor by high flux necessary for proper membrane operation. This was achieved 

by using two interconnected circuits. The faster circuit for membrane was operated at flux of 2 

000 L.d-1 resulting in cross-flow velocity of 0.2 m.s-1 in membrane module (pump: Kouril PCD 

283B, Czech Republic). The slower circuit maintained the basic mass exchange, it transferred 

water from the top of the bioreactor to fast circuit at approximately 40 L.d-1 (pump: Kouril PCD 

83, Czech Republic) and the retentate from fast circuit to the bottom of the bioreactor. This low 

pumping rate corresponds to 0.8 m.h-1 of upflow velocity in the bioreactor minimizing 
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the hydraulic stress and excess mixing. The membrane module consisted of five PVDF tubular 

membranes from Norit (Pentair X-Flow F4385, USA); of mean pore size 30 nm, given total 

area of 0.082 m2. The effluent was withdrawn using an external filtrate suction pump (Watson-

Marlow 405 U/L2, USA). Filtrate passed the membrane tubes from the inside out at flux 

45 LMH and trans-membrane pressure (TMP) under 40 kPa (typically 10-20 kPa). 

The operation sequence was set at 28 min filtration and 2 min backwash. This was later changed 

to 14 and 1 minute, respectively. The membrane was backwashed at double flux compared 

to the filtration period. Operation program written in LabVIEW (National Instruments, USA) 

logged the data from three pressure transducers (68075-32, Cole-Parmer, USA) and controlled 

the pump operation according to water level in the bioreactor.  

 

Figure 4-1. Scheme of UASB; novel AnMBR reactor scheme according to Ozgun et al (2015) 

to control bioreactor sludge blanket upflow velocity and prevent deterioration by intensive 

sludge recirculation. 

As a consequence of the membrane addition, UASB up-flow velocity increased from 0.1 m.h-1 

in UASB mode to 0.8 m.h-1 in AnMBR mode. The up-flow speed increased to 1.4 m.h-1 during 

backwash period. These values are low compared to the theoretical velocity of 40 m.h-1 

that would be achieved, if the membrane module was directly connected to the bioreactor. 
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Figure 4-2. (A) Transition from UASB reactor (left) to AnMBR (right) during days 718-737. 

(B) sludge from the bottom of the UASB reactor (day 702); high solids concentration 

and viscosity. 

4.2.3 Inoculum and sewage treated 

At the start, UASB was inoculated with 1 L of digested sludge from a full-scale mesophilic 

sludge digester operated at sewage treatment plant Ceska Lipa (Czech Republic, 48 000 PE, 

(Tab. 4-1). The sewage was collected every 7-12 days at a large municipal treatment plant. Half 

of the sewage volume (~35 L) was sieved through 4 mm sieve and stored in a mixed container 

(A) in refrigerator at 6 ± 3 °C. The water was then continuously pumped from the fridge 

to the reactor. The rest of the sewage in second container (~35 L), (B) was meantime stored 

in another refrigerator. After emptying the mixed container (A), it (A) was refilled 

from the second container (B) after sieving. The concentration of the sewage was rather high 

and its chemical oxygen demand consisted mostly from non-dissolved forms (Tab. 4-2). 

Table 4-1. Properties of inoculum and biomass in reactors. 

Period: COD total COD diss. TS TSS VSS VSS mass 

[days] [g.L-1] [g.L-1] [g.L-1] [g.L-1] [g.L-1] [g] 

0, inoculum 22.3 2.2 26.7 24.3 13.8 13.8 

463-688 38 ± 11.1 0.3 ± 0.1 29.4 ± 7.4 29.2 ± 7.3 18.2 ± 4.6 ~20 

836-884 31.8 ±  3.2 0.5 ± 0.3 24.7 ± 3.5 23.8 ± 3.5 17.7 ± 2.3 ~35 

Reactor sludge samples were taken from sampling port placed 21.5 cm above the reactor bottom. COD, 

chemical oxygen demand; VSS, volatile suspended solids. 
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Table 4-2. Influent wastewater properties exert seasonal changes; data are presented as average 

and standard deviations. 

Period: pH 
COD 

total 

COD 

diss. 

COD 

solid 

VFA-

COD 
TS TSS VSS N-amon 

[days] [-] [mg.L-1] [mg.L-1] [%] [mg.L-1] [g.L-1] [g.L-1] [g.L-1] [mg.L-1] 

463-688 7.3-8.3 
527 ± 

129 
124 ± 52 76 ± 9% 23 ± 12 

1.10 ± 

0.29 

0.37 ± 

0.18 

0.30 ± 

0.13 
42 ± 6 

836-884 7.2-8.0 
618 ± 

127 
129 ± 53 79 ± 6%  1.09 ± 

0.18 

0.49 ± 

0.28 

0.35 ± 

0.17 
43 ± 3 

Wastewater was collected at the same site during the whole experiment run. TAN, total ammonia 

nitrogen; VFA, volatile fatty acid. 
 

4.2.4 COD decay in the sewage between collection and feeding to anaerobic reactor 

As this study was not carried out on-site, the wastewater was subjected to up to 12-day-long 

storage. To determine the decay of the sewage between collection and consumption in anaerobic 

reactor, a kinetic test was performed (Fig. 4-3). Series “Reactor influent” simulate the normal 

storage pathway – samples were taken as normal reactor influent sample just before the reactor, 

meaning after pumping from the mixed container (A) in refrigerator. This container (A) was 

usually refilled 2-3 times (the discontinuous lines in Fig. 3) from the second closed non-mixed 

container (B). For comparison of mixing/non-mixing conditions impact, series “Standing 

storage” represents sampling from open and non-mixed 1 L bottle (C) standing at the same 

place as regards to previous sample (A). The sewage in this bottle (C) was shaken only before 

sampling. 

The sieving of the sewage preserved 84% of total and 93% of dissolved COD (B→A). At the 

end of sewage batch, 8 days after collection, the total and dissolved COD in mixed container 

(A) were 61 and 37% of the initial concentrations measured in 35 L barrel (B) 2 hours 

after collection. Storage in open non-mixed flask (C) without sieving preserved 86 % of total 

COD (initially sampled at collection site) and 67% of dissolved COD (sampled 2 hours 

after collection) after 8 days. The greater decrease of the COD in the mixed tank (A) may 

be attributed to: 1) decay of sewage enhanced by mixing and good sludge-wastewater contact; 

2) slower cooling of tens of liters (B) of wastewater compared to 1 L in non-mixed flask (C); 

3) pumping from the bottom of the mixed container (A) may lead to preferential pumping 

of the heavier content in terms of density and COD concentration at the beginning 

of batch consumption. These results showed that the open mixed storage presents significant 

degradable COD loss that could have been utilized for biogas production. The storage in general 

acts as a pretreatment affecting the wastewater biodegradability and thus the treatment 

efficiencies and methane recovery rates. The results agree with previous work of Hvitved-

Jacobsen et al. (1995) as the anaerobic storage exerted the lowest COD degradation over time. 
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Figure 4-3. Study on chemical oxygen demand (COD) decay in the wastewater between 

collection and feeding to anaerobic reactor. ‘‘Reactor influent’’ (A) represents the ordinary 

COD concentrations at the reactor influent during the consumption of one wastewater batch. 

‘‘Nonmixed storage’’ (C) represents nonsieved, nonstirred sample of raw wastewater stored 

at same place as (A) container, but of only 1 L volume. The discontinuity of Reactor influent 

(A) is caused by refilling the mixed container from closed anaerobic storage in second fridge 

(B) where the decay was slower. 

 

4.2.5 Operation of the reactors 

The UASB reactor was operated for 765 days. The initial phase (day 0-462) was characterized 

by continuous optimization of the laboratory setup – sewage storage, pump operation, 

prevention of sludge flotation and improvements in biogas measurement. It is assumed 

that biomass was fully adapted to the low temperature after this period. The initial phase 

was followed by 226-day-long (days 463-688) run at stable conditions (Fig. 4-4). 

During the subsequent transition phase (689-764), the flow rate increased from 5.2 to 8.0 L.d-1 

and OLR doubled. This phase was not evaluated due the little data and few accidental heat-ups 

of the system during membrane module installation. 

Finally, the AnMBR setup was completed at day 765. The early AnMBR phase was again 

characterized by several optimizations and for the AnMBR, only the phase between days 836 

and 884 was evaluated. 

During the startup of AnMBR system the daily flow slightly varied. Despite constant setting 

of the permeate pump, the resulting flow was partly determined by TMP. The flux was 
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measured by rainfall data logger (Conrad Professional USB, WS-0101, USA) 

starting at day 849. 

4.2.6 Analytical methods 

Point samples were taken from influent, effluent (permeate for AnMBR) and sludge bed 1-

2 times a week. pH, CODtotal, CODdissolved, Solids and Ammonium-nitrogen were measured 

according to standard methods (Water Environmental Federation & American Public Health 

Association, 2005) for reactor run evaluation. The dissolved forms were measured from sample 

centrifuged for 10 minutes at 14 926 g on Sigma 3-16P (Sigma Laborzentrifugen GmbH, 

Germany). After the ultrafiltration membrane was incorporated, the effluent sample solids were 

completely dissolved. To quantify easily removable hydrogen sulfide, part of the permeate 

sample was aerated for 2 minutes and then measured as “COD aer” (Tab. 4-3). This method 

was adapted from the method previously published by Yoo et al. (2012). Biogas quality was 

tested on GC-TCD (CE Instruments GC 8000 Top, UK) equipped with packed column (using 

Porapak Q 80-100 mesh, Waters corporation, USA). 

The samples of volatile fatty acids (VFAs) were taken weekly from the influent, effluent 

and sludge bed. After centrifugation and paper filtration were stored in refrigerator at -18 °C. 

Before measurement, H3PO4 solution was added to maintain non-dissociated forms (0.01 mL 

of 1:4 (V:V) H3PO4). The samples were measured on GC-2010 (Shimadzu, Kyoto, Japan) 

equipped with flame ionization detector using Varian capillary column CP-Wax 58 (FFAP) CB 

of 25 m length with inner diameter 0.25 mm and film thickness 0.2 µm. 

4.3 Results 

4.3.1 3.1 Start-up of the UASB reactor (days 0 – 462) 

During the start-up period, good reactor performance was limited by several factors: 

(1) intermittent pumping during the first 228 days. (2) insufficient mixing conditions in sewage 

storage during the first 141 days, (3) influent pipes of large diameter (263 days) and (4) leaks 

of biogas from reactor and tubing (443 days). 

During this period, we observed growth of organic nitrogen hydrolysis. At the beginning 

of the experiment, the concentrations were equal. After 80 days, the effluent total ammonium 

nitrogen exceeded the influent value by 13% shoving significant increase in hydrolysis activity. 

4.3.2 Stable operation of UASB reactor (days 463 – 688) 

The UASB phase was characterized by COD removal efficiency most often between 

60 and 75% (Fig. 3), with average efficiency 64 ± 13% (Tab. 4-3). The main mechanism was 

the removal of particulate COD (79 ± 13%) and corresponding removal of total suspended 

solids TSS (78 ± 19%) (Fig. 4-5). Only part (4%) of COD was converted into gaseous methane 

(Fig. 4-6), which equals to 7% gasification of COD removed (i.e. 0.024 m3 CH4 kg-1 
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COD removed). The particulate and dissolved solids formed 41 ± 15 and 59 ± 15% of total 

effluent COD. Sulfide and VFA formed 24 ± 7 and 11 ± 5% of the total effluent COD, 

respectively. Although we had only 2 data points for sulfide concentration during this period, 

the amount agrees with the data from the following transition period (689-765, 7 points), when 

the sulfide sulfur was 23 ± 7 mg.L-1 accounting for 25 ± 10% of effluent COD concentration. 

Dissolved COD concentrations decreased from average 124 ± 52 mg.L-1 in the influent 

to 102 ± 28 mg.L-1 in the effluent. Hydrolysis of organic matter resulted in the release 

of nitrogen originally present in organic compounds. Total ammonia nitrogen concentration 

in the effluent was 23 ± 10% higher than in the influent, which corresponds to the increase 

from 42 ± 6 to 51 ± 6 mg.L-1. These concentrations did not pose a risk for ammonia toxicity. 

As the highest detected pH was of 8.4 (day 72) and the highest total ammonia nitrogen was 

90 mg.L-1 (day 46). These values could at 15 °C lead to maximum free ammonia concentration 

of 5 mg.L-1 (Liao & Mayo, 1972), which is significantly lower than the inhibiting concentrations 

reported for anaerobic biomass (Yenigün & Demirel, 2013). 

Daily biogas production was 100 ± 40 mL STP. Biogas contained 63 ± 17% of CH4, 3 ± 2% of 

CO2 and 34 ± 18% of nitrogen assumed to be stripped out from the wastewater.  

Occasional sludge flotation was observed, but the floating sludge was captured by the brush 

installed in the upper part of the UASB reactor. Flotation occurred mainly after temporary 

influent pumping interruption and subsequent restart or in the case of overloading. The sludge 

plug was always mixed and it usually settled down with no difficulties after the release of biogas 

bubbles. Channeling in the sludge bed also did not increase the efficiency of COD removal. 

 

 

Table 4-3. Operational parameters and overall results for UASB (days 463-688) and AnMBR (days 836-

884) reactor run. 

 
Operation Effluent Removal 

Period:  System V OLR HRT COD COD aer. TSS COD COD aer. TSS 

[days] 
[L] 

[g COD.L-

1.d-1] 
[h] [mg.L-1] [mg.L-1] [g.L-1] [%] [%] [%] 

463-688 1.9 1.4 ± 0.4 ~8.8 180 ± 59 - 
0.1 ± 

0.1 
64 ± 13% - 

78 ± 

19% 

836-884 1.9 + 0.9 1.6 ± 0.6 
10.3 ± 

4.5a 
93 ± 22 68 ± 18 BDL 85 ± 4 % 89 ± 3% > 95% 

COD aer. - effluent sample pretreated using 2-min aeration to strip out hydrogen sulfide-related COD; 
aRelated to whole system volume of 2.8 L; AnMBR, anaerobic membrane bioreactor; BDL, below 

detection limit; HRT, hydraulic retention time; OLR, organic loading rate. 
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4.3.3 Vertical stratification of UASB sludge bed 

The stratification was measured on day 702. UASB sludge bed analyses showed significant 

stratification over the height of the sludge blanket (Fig. 4-4). Generally, the concentration 

of COD, solids and VFAs decreased with increasing sludge bed height. The sludge 

at the bottom of the reactor was very viscous (Fig. 4-2 B), indicating the presence of greater 

amount of extracellular polymeric compounds.  The high concentration of dissolved COD (645, 

705 mg.L-1) at the bottom (6, 11.5 cm) of the reactor indicate the hydrolysis of organic matter. 

  
Figure 4-4. Vertical profile in sludge bed of UASB (day 702): (A) Total COD and solids concentration, 

(B) dissolved COD and solids; the pH value, (C) VFA concentrations. VFA,volatile fatty acid. 

4.3.4 Transition from UASB to AnMBR (days 689-835) 

At the final period of UASB operation, HRT gradually decreased to 6 hours during days 689-

700. Subsequently, the total COD of sewage increased to 659 ± 103 mg.L-1, (days 700-765) 

compared to previous 527 ± 129 mg.L-1, (days 463-688). Both changes led to increased organic 

loading rate (OLR) of 2.8 ± 0.4 g.L-1.d-1, (days 700-765). The overall COD removal 

reached up to 75 ± 4% (5 data points) between days 700 and 717.  

The first 70 days of AnMBR operation was characterized by shock loading of the system 

and subsequent recovery period. The system volume instantly expanded by 47% 

due to membrane installation. As volatile suspended solids concentration in membrane 

compartment started to grow at the start of AnMBR operation, sludge had to be discharged from 

the bioreactor at double rate compared to the previous period. The overall TSS concentration 

in the cross-flow circuit varied greatly between 0.2 and 7.1 g.L1 with a median of 2.8 g.L-1. 
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The structure of sludge changed, no longer enabling to determine the sludge bed top borderline 

thus the sludge height measurement was stopped (Fig. 4-4 B). 

During the last period of UASB operation, the sludge concentration was maintained as high 

as 28 ± 10 g TSS.L-1 (days 700-765), but after transition to AnMBR, it decreased 

to 11 ± 5 g TSS.L1 (days 774-799) because sludge was partly wasted and also re-distributed 

over the whole set-up. The concentration of dissolved COD in the membrane module also grew 

during the first AnMBR phase and the effluent COD concentration increased to 198 ± 53 mg.L-

1. It should be noted that soluble COD in the retentate was much higher (e.g. 697 mg.L-1 at day 

785). COD concentrations in the effluent temporarily reached the level of previous UASB stage, 

but all COD was dissolved. A significant part of COD consisted of sulfide (up to 42 ± 8%) 

and VFA (21 ± 10%). The rest was assumed to be soluble microbial products. With advancing 

accumulation of sludge, COD removal efficiency grew from 70 to 85% 

after the first 70 days of AnMBR operation.  

4.3.5 Stable operation of AnMBR (days 836 – 884) 

The use of membrane in the AnMBR stabilized the quality of the effluent. Within the evaluated 

period, effluent COD was 93 ± 22 mg.L-1 (Tab. 4-3). The presence of membrane ensured solids-

free effluent. A significant part of effluent COD was still formed by dissolved sulfide (56 ± 

24%), which corresponds to 48 ± 15 mg COD.L-1. During the evaluated period, the mean TSS 

concentration in the reactor remained 24 ± 3 g.L-1 while in the retentate it varied between 0.7 

and 9.7 g.L-1 indicating not complete sludge structure change. 

Biogas was produced in daily amount of 130 ± 60 mL STP. Its methane content was 64 ± 2%.  

Energy recovery increased to 6%. 
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Figure 4-5. Influent and effluent water total COD concentrations during the operation of UASB 

reactor and later AnMBR. (B) Total and particulate COD removal efficiency and the relative 

height of sludge bed in reactor (sludge height/reactor height). (C) Total and volatile solids 

removal in reactors—after membrane reactor startup, the effluent was assumed as solids free 

as long as the membrane had smaller pores than 0.45 lm. 
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4.3.6 Dissolved gases in the effluent 

The dissolution of gases was significant due to the lower temperatures and greater flows 

of sewage through the reactor compared to mesophilic sludge digesters. That dissolution had 

two effects: (1) decreased amount of gaseous methane production – only 4% of input COD 

(~ 14 ml CH4.g
-1 COD or 0.6 m3 CH4.PE1.y1 and (2) as CO2 is relatively well-soluble in water, 

it was nearly completely dissolved in the effluent resulting in high concentrations of methane 

in biogas. For the UASB period, the concentration of methane reached (63 ± 17%) 

and membrane addition did not change this concentration. Based on the Henry’s law, up to 14 

and 13% of influent COD could leave the UASB and AnMBR respectively as dissolved 

methane. The missing 20 to 30% can be accounted to nitrogen originally dissolved 

in wastewater and afterwards stripped out from the sewage by produced biogas. 

4.4 Discussion 

4.4.1 UASB reactor can be recommended for sewage pretreatment 

Generally, the UASB performed as expected from the literature data (Tab. 4-4) as it reached 

COD removal 60-75% at psychrophilic temperatures and organic loading rates between 1 

and 3 g COD.L-1.d-1. COD removal was positively influenced by high particulate content 

in the influent wastewater (Zhang et al., 2013). The UASB was operated at low upflow velocity 

of 0.1 m.h-1 and occasional channeling was observed. Such a low velocity enhanced separation 

of fine particles but on the other hand limited the mixing of reactor content and substrate-

biomass contact necessary for maintaining biological activity (Lettinga et al., 2001). 

Furthermore, low mixing rate in the reactor led to occasional sludge flotation and washout and 

prevented stable performance on suspended solids removal. The effluent total COD 

concentration of 180 ± 59 mg.l-1 did not meet European discharge limits. The 41 ± 15% share 

of particulate COD in the effluent can be problematic to subsequent post treatment. To be able 

to benefit from the advantages of this low energy input wastewater pretreatment, novel scheme 

should be proposed as mentioned by (Zhang et al., 2013), i.e. the UASB reactor should 

be followed by aerobic post treatment to remove remaining COD and sulfide. 

After this post treatment, wastewater would have low-enough C/N ratio to be passed 

to autotrophic nitrogen removal. Thereafter the effluent from autotrophic nitrogen removal 

will probably meet the discharge limits for COD/BOD5. The sludge produced in intermediate 

aerobic step should be digested to enhance the energy balance of the system.  The increased 

COD removal rate during the transition from UASB to AnMBR was related to increased organic 

loading and increased influent COD concentrations. Same trends are also reported in literature 

(Mahmoud et al., 2003b).  

 The effluent COD and achieved energy recovery indicate the UASB reactor being rather 

energy-saving pretreatment step than integrated solution for wastewater treatment
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Table 4-4. Performance of different UASB, UASB-Digester and AnMBR systems treating municipal wastewater comparing with this study 
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aCalculated based on influent concentration and COD removal efficiency. 
bCalculated based on methane yield Nm3 CH4 per kg COD removed and COD removal 

efficiency. 
cSAF-MBR, staged anaerobic fluidized bed membrane bioreactor; AFBR–anaerobic fluidized 

bed bioreactor. 
dCalculated as OLR =COD IN/HRT from data supplied; MF—microfiltration, UF—

ultrafiltration. 

AFMBR, anaerobic fluidized bed membrane bioreactor; TMP, transmembrane pressure. 

 

4.4.2 AnMBR reactor enhanced COD removal, but increase energy consumption 

The high COD removal efficiency (up to 85%) achieved in the AnMBR represents competitive 

technology to aerobic treatment pathways. When stable AnMBR operation was achieved 

(since day 836), high effluent quality (COD below 100 mg.L-1) shows the advantage 

of membrane addition to a simple UASB reactor. The effluent COD concentration was reduced 

to 50% and exerted significantly smaller quality variation. Notable part – 56 ± 

14% – of the effluent COD consisted of sulfide, which can be easily removed aerobically 

at short HRT, e.g. using a biofilter. These effluent COD concentrations are comparable 

with 100-125 mg.L-1 achieved by Gouveia et al (2015) treating municipal wastewater at 18 °C. 

Ozgun et al. (2015) reported the decrease of COD effluent concentration from 149 to 42 mg.L-

1 when a membrane module has been attached to the original UASB reactor. In this context, 

we polished the effluent from about 50% due to the membrane action, but treating raw sewage 

and mainly at lower temperature (15 vs. 25 °C). The ability of AnMBR to capture dissolved 

COD from about 70% allows the system perform better resulting in both the higher methane 

yield and higher COD removal efficiencies. 

By adopting the configuration proposed by Ozgun et al. (2015) (Fig. 4-1), we were able to limit 

sludge-membrane contact; however changes in sludge structure took place. During AnMBR 

operation, TSS in the membrane recycle achieved only approximately 13% (3.2 ± 3 g.L-1) 

of the reactor TSS (24 ± 3 g.L-1), indicating that very slow change in sludge bed structure 

occurred. Retaining most of the solids in reactor gives a significant advantage over CSTR 

AnMBR configurations. Significant changes of sludge physical properties were also observed 

by Ozgun et al. (2015). These are believed to be associated with the disruption of selective 

pressure due to the membrane addition and partial mixing as a consequence of high cross-flow 

membrane circuit flux.  

The amount of influent COD transformed into gaseous methane (6%) in the AnMBR  implied 

very low energy recovery compared to typical 27% of conventional sludge stabilization (Cornel 

et al., 2011). However, AnMBR still may be less energy intensive than activated sludge process, 

because energy produced in conventional systems  is fully utilized to propel the energy intensive 

aerobic treatment resulting in net energy consumption. The biogas quality was stable and even 
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small amount produced represents a chemical energy recovery potential as the gas fuel 

to be used on-site. 

4.4.3 Comparing AnMBR and UASB reactor 

COD concentration in the AnMBR effluent was significantly lower than that of UASB. 

The main advantage of AnMBR over the UASB is the complete elimination of the risk 

of biomass washout. Anaerobic biomass and particulate organic matter from wastewater were 

completely retained in the system, resulting in completely solids-free effluent. In addition, 

due to the effect of ultrafiltration membrane, significant part of dissolved COD fraction was 

retained in the bioreactor. VFAs concentration in the effluent remained almost unchanged (data 

not shown) since the VFA can easily pass the membrane. We also observed slightly yellowish 

but transparent color of the AnMBR effluent compared to the colorless or slightly turbid 

effluent of UASB. This could be explained by the presence of polysulfides in the AnMBR 

effluent, but no data nor literature support for this claim is available. The absolute separation 

of solids while preserving nutrients is of great interest for possible nutrient recovery/reuse 

(Batstone et al., 2015). 

The price to pay for the better COD removal in the AnMBR was the energy and chemicals spent 

on membrane fouling control as reported by other researchers (Seib et al., 2016). It has been 

reported that the energy consumption of AnMBR can be higher than the consumption 

of conventional activated sludge systems (Smith et al., 2014). Our system produced 130 mL of 

biogas of average 64 % methane content, so the available electricity production with common 

36% electrical efficiency of combined heat-power unit will be probably close to 0.02 W, 

while the continuously operated cross-flow pump used approximately 30 watts. This is where 

the AnMBR reactor design should be balanced between the effluent quality and related energy 

requirements. New approaches for fouling control using fluidized granular activated carbon 

are giving very promising results in terms of future self-sufficiency even with cross-flow 

configuration at very small cross-flow velocities (Tab. 4) (Seib et al., 2016; Shin et al., 2014). 

This approach is supported also by Jeison et al. (2009) – the increase of cross-flow velocity 

and related shear stress may not only increase the operational costs and temporarily reduce 

the fouling, but it can lead to sludge particles breakdown and consequent membrane fouling. 

On the other hand, effluent COD of the AnMBR needs post-treatment as well as the UASB 

effluent to meet most of European legislation limits. In that case, the effluent quality stability 

is no longer of such importance. Significantly lower energy demands of UASB reactor 

can offset higher AnMBR treatment efficiency and energy recovery. 

4.4.4 COD balance showed low energy recovery at 15 °C for both reactors 

COD balance was calculated for both UASB and AnMBR (Fig. 4-6). In the UASB reactor, 

COD was retained in the sludge bed, and later was withdrawn from the system either as wasted 

sludge or by sampling. The gaseous methane share was only 4% of the influent COD. Based 
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on Henry‘s law (63% methane in headspace, 100 kPa pressure + 5 kPa for GLS separator), 

dissolved methane formed approximately 14% of the influent COD. 

During AnMBR operation, both soluble and suspended COD was retained in the reactor 

and up to 6% of it was converted into gaseous methane. Finally, most of COD was withdrawn 

from the reactor as wasted sludge. The membrane completely retained suspended COD 

resulting in significantly lower effluent COD in the AnMBR compared to the UASB reactor. 

 

Figure 4-6. Mass balance of COD in the UASB reactor (days 463-688) and later AnMBR 

(days 836-884). The 100% for both balances is the influent COD mass. 

 

4.4.5 Challenges in mainstream anaerobic digestion application 

The degree of methanization in both systems (4 and 6%) was much lower than 12.5% of Zhang 

et al. (2013) at the early stage of their experiment. Later, these authors achieved up to 24.4% 

using higher sludge recirculation rate between UASB and mesophilic sludge digester. 

Up to 19% conversion of influent COD was reported for a single UASB reactor and 42% 

for UASB reactor of UASB-Digester system . However, these authors took into account also 

dissolved methane. In that case, this work could achieve up to 19% methanization. 

Dissolved methane is a big problem of psychrophilic anaerobic digestion, because it decreases 

energy recovery and it means significant release of greenhouse gases into atmosphere. Indeed, 

up to 14% of COD release as dissolved methane is of environmental concern. 

Taking into account the average daily production of COD 120 g per population equivalent 

(Kroiss & Cao, 2014), 14% means the annual release of 1.5 kg of methane, i.e. approximately 

30 kg of CO2 equivalent (Lelieveld et al., 1998). This amount would make up to 0.3% 

of the total CO2 production per capita per year in the Czech Republic (Hertwich & Peters, 
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2009). The emissions of methane are considerably high in contrast to the current total 

(emissions + energy related emissions) emissions of 14 kg of CO2 per population equivalent 

per year at Central Prague sewage treatment plant (Prague water supply and sewerage company, 

2012). Only the utilization of the dissolved methane would justify the use of cold anaerobic 

digestion as it is intensive greenhouse-gas-emitting process. 

For areas of less stringent discharge limits, milder winter conditions and influent quality 

variations, we suggest using conventional UASB with aerobic post-treatment. 

For more demanding conditions in terms of influent quality variations, severe winter conditions 

and stringent discharge limits, we suggest using AnMBR system with very low effluent 

COD/BOD5 concentrations. The use of granular activated carbon fluidized bed reactors can 

even enable attached growth of biomass and thus splitting SRT of biomass and SRT of residual 

solids from wastewater; so that these solids could be treated under different conditions 

or just withdrawn from the system (Shin et al., 2014). Using properly operated AnMBRs 

for low strength wastewater under the severe conditions at state of the art will lead to high-

quality from reliable technology effluent, but for the higher energy costs.  The approaches 

to low energy fouling control are subjected to intensive research, but more work has to be done 

to lead the outcomes to practical applications. It should be noted, that mainstream Anammox 

process is ready for full scale application, but the necessary nitritation step is a subject of 

intensive research. Thus, autotrophic nitrogen removal, although mentioned in this work, is not 

yet prepared for full-scale mainstream installation (De Clippeleir et al., 2013). 

4.5 Summaries 

Based on our data, UASB reactors are more suitable for wastewater pretreatment under low 

temperature (15 °C) in European region compared to AnMBRs. This is mainly 

due to their lower energy demand. Even though the AnMBR achieved better COD removal 

efficiency than the UASB (85 compared to 65%, respectively), the effluent of both AnMBR 

and UASB reactor must further be post-treated to fulfill European discharge standards. 

The energy recovery in the form of gaseous methane was very limited, but the energy for COD 

removal in the UASB reactor was significantly smaller than is necessary in activated sludge 

systems.  
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5 CONTACT STABILIZATION WITH ENHANCED 

ACCUMULATION PROCESS FOR ENERGY RECOVERY 

FROM SEWAGE 4 
 

 

Abstract 

Conventional activated sludge (CAS) system is currently the predominant 

technology  wastewater treatment, but its painfully energy intensive aerobic pathway has led 

researchers to investigate alternative technologies. These technologies are often focused 

on the recovery of chemical energy from sewage. In this paper, we introduce CoSEA (Contact 

Stabilization with Enhanced Accumulation) process, a novel up-concentration method that 

separates the most valuable sewage content through a modified bioflocculation-adsorption-

sedimentation-stabilization process for further anaerobic treatment. Raw sewage was treated 

in a 1 L psychrophilic (15 °C) sequencing batch reactor (SBR). By using a SBR, a time-

concentration gradient was applied to enhance the accumulation abilities of the sludge. 

The reactor was operated at very low sludge age (<1 d) and with a short (1.5 h) aeration phase. 

We tested two initial conditions: (1) operation with the inoculation by activated sludge and (2) 

without any inoculation. The average COD removal with and without inoculation was as high 

as 80 and 70%, respectively. Up to 55% of the incoming chemical energy was recovered 

as gaseous methane. This recovery was significantly higher than can be typically achieved 

by CAS even with optimised anaerobic stabilization. Although CoSEA effluent requires 

subsequent removal of nutrients (N, P), the process is a promising new approach for energy 

recovery in a main wastewater treatment line. The process is especially suitable for moderate 

climates, where direct anaerobic digestion is so far not suitable for sewage treatment.  

 
This Chaper is based on the research outcomes published in Environmental Engineering Science in 2016. 

Reference: Dolejs, P., Gotvald, R., Velazquez, A.M.L., Hejnic, J., Jenicek, P., Bartacek, J. 2016. Contact 

Stabilization with Enhanced Accumulation Process for Energy Recovery from Sewage. Environmental 

Engineering Science, 33(11), 873-881. 
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5.1 Introduction 

Most of commonly used wastewater treatment technologies are based on conventional activated 

sludge process (CAS), which destroys most of the potential energy (and other) resources 

in sewage while spending large amounts of energy for aeration (Tchobanoglous et al., 2014). 

The ideal case for resource recovery is decentralized sanitation, where source separation takes 

place in order to reuse and recycle valuable resources from sewage using the most appropriate 

technologies, although it often requires advanced regulation tools. Moreover, the existing sewer 

systems, often developed several decades ago, have not been designed for source separation 

and therefore, methods for resource recovery in centralized systems need to be developed.  

It has been reported that sewage contains up to 10 times more chemical energy (as organic 

pollution) than is needed for its treatment using CAS. However, it is difficult to utilize 

this energy due to the low concentration of sewage (Jenicek et al., 2012; McCarty et al., 2011; 

Meerburg et al., 2015; Verstraete et al., 2009). Thus, the energy balance of centralized sewage 

treatment can be improved by up-concentrating sewage. 

Although primary sedimentation at WWTP (or even chemically enhanced primary 

sedimentation) followed by mesophilic or thermophilic AD has already been recognized 

as viable technology for energy neutral wastewater treatment (Jenicek et al., 2013), it cannot 

utilize dissolved nor colloidal organic compounds, which represent up to 30% of organic matter 

present in sewage (Diamantis et al., 2014). High-rate activated sludge processes such as A-B 

process (Böhnke, 1977) and its modifications are based on very low hydraulic and sludge 

retention times (HRT and SRT) of less than 1 hour and 1 or 2 days, respectively. 

These processes achieve higher biomass yields than CAS, i.e. they can capture dissolved 

organic fractions inside the bacterial cell. Nevertheless, significant part of organic matter 

is oxidized in the A-B process to CO2. 

By implementing the bioflocculation-adsorption, sedimentation and regeneration process 

(BSS), as proposed by Zhao et al. (2000), it is possible to pre-concentrate sewage 

for a subsequent anaerobic digestion of the concentrated organic sludge. The aerating period 

in BSS (i.e. regeneration) is minimized to recover only a fraction of the recycled biomass while 

the rest is anaerobically converted to methane. This waste-to-energy strategy works 

with low SRT, while the mineralization of organics is limited and directed to promote 

the production of bioflocculants (extracellular polymers, EPS). This concept has been recently 

studied also by Akanyeti et al. (2010), Meerburg et al. (2015) and Diamantis et al. (2014). 

Akanyeti et al. (2010) reported that up to 35% of the wastewater COD can be recovered 

as methane using bioflocculation and subsequent membrane filtration. Diamantis et al. (2014) 

focused on effluent reuse and nutrient recovery via ultrafiltration membrane process showing 

that the filterability of effluent was significantly enhanced by bioflocculation. Meerburg et al. 

(2015) achieved the highest COD recovery (36%) from sewage with a High-Contact 

Stabilization reactor (HiCS), while comparing the energy recovery potential of the three other 
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concepts such as CAS, High-rate CAS and simple Contact Stabilization (CS). Akanyeti et al. 

(2010) tested the feasibility of a high-loaded membrane bioreactor coupled 

with a bioflocculation unit to improve energy recovery from sewage. However, even higher 

energy recovery is necessary when one aims to achieve energy positive wastewater treatment 

processes. 

This paper introduces a novel modification of the BSS process, which is based on enhancing 

the accumulation capacity of the sludge by implementing a sequencing batch reactor (SBR) 

in which biomass is exposed to time-concentration gradient. By this phenomenon, 

the accumulation of organics inside the bacterial cell naturally occurred. The sludge produced 

in this Contact Stabilization with Enhanced Accumulation (CoSEA) process was further 

subjected to anaerobic digestion to recover chemical energy from sewage 

in the form of methane. The optimal parameters for design and operation of such process were 

proposed and evaluated. 

5.2 Material and Methods 

5.2.1 Source and quality of wastewater 

For all experiments, raw municipal sewage was obtained from a large WWTP (above 1 000 000 

PE) and sieved to remove components bigger than 2.5 mm. The sewage was used immediately 

or stored in a completely mixed tank to avoid sedimentation of solid particles at 6 ± 2 °C 

for no longer than 7 days to avoid extensive biological degradation. 

5.2.2 Batch bioflocculation assays 

Prior to CoSEA operation, a series of batch experiments was carried out to determine 

the optimal process conditions for maximal removal of total and soluble COD and total 

suspended solids (TSS). The tested variables were mixed-liquor suspended solids concentration 

(MLSS), contact time and settling time. The effect of MLSS was tested for 1, 2, 3, 4 and 6 g L-

1 (and blank ̴ 0.5 g L-1) and for each concentration two contact times (15 and 30 min) 

and  two sedimentation times (60 and 90 min) were applied.   

Each experimental unit consisted of a 150 mL beaker (100 mL working volume) working at lab 

temperature. Regenerated return activated sludge from the above mentioned WWTP was used 

as a bioflocculation agent. Sewage (influent) and regenerated sludge were mixed and adjusted 

to the desired concentration. Contact Phase (bioflocculation) was conducted by magnetic stirrer 

to mimic slow mixing followed by settling phase. The removal of TSS, as well as COD 

and its fractions, was measured by sampling both the sewage and the sludge before the start 

of the experiment and the supernatant (effluent) by the end of the settling phase. The graphical 

statistical analyses were done with the software package RStudio (RStudio Inc., Boston, USA) 

and one-way ANOVA was used to separately analyze the effects of MLSS concentration, 
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contact time and settling time for total and soluble COD by keeping the other treatments 

constants and varying only one factor at a time to be analyzed. 

Table 5-1. Operational parameters of two tested modes of contact stabilization with enhanced 

accumulation process. 

Experiment 
Inoculation with  

activated sludge 

Without inoculation 

Bioflocculation 

Sedimentation 

Regeneration 

30 min 

60 min 

260 min 

15 min 

60 min 

90 min 

Parameter / 

Phase 

RSR 

(%) 

Period 

(exp. time) 

MLSS 

(g L-1) 

SRT            

(d) 

Period 

(exp. time) 

MLSS 

(g L-1) 

SRT            

(d) 

I 

II 

III 

IV 

V 

93 

86 

72 

44 

0 

0-16 

17-99 

100-135 

136-160 

161-196 

3.8 ± 0.2 

2.9 ± 0.1 

1.8 ± 0.2 

0.7 ± 0.1 

0.3 ± 0.1 

3.0 

2.0 

0.9 

0.6 

- 

0-18 

19-25 

26-38 

39-46 

47-49 

3.5 ± 0.1 

2.6 ± 0.1 

1.7 ± 0.1 

0.9 ± 0.2 

0.5 ± 0.1 

1.7 

0.8 

0.5 

0.3 

- 

MLSS, mixed-liquor suspended solids; RSR, recycled sludge ratio; SRT, sludge retention time. 

5.2.3 CoSEA process in SBR 

The CoSEA process was carried out at 15 °C in 1 L (0.75 L working volume) sequencing batch 

reactor (SBR) with a cooling jacket (Fig. 5-1 (left)). Raw sewage was used as influent.  

The process consisted of several consecutive cycles per day, as described in Fig. 5-1 (right). 

We tested the two following modes (Table 5-1): firstly, the reactor was inoculated 

with activated sludge from the same source as in the batch experiments and SRT varied 

from 3.0 to 0.6 d. Secondly, spontaneous inoculation by the original content of raw sewage (i.e. 

primary sludge) was used and SRT was lowered and tested from 1.7 to 0.3 d. The second mode 

is more relevant for full scale applications, because if COD removal in the bioflocculation unit 

will be efficient, not enough activated sludge will grow in the subsequent polishing reactor 

and hence continuous supply of activated sludge into the bioflocculation unit 

will not be sustainable. 

The main variable parameter of CoSEA operation was recycled sludge ratio (RSR), 

which describes the portion of sludge volume left in the system from the original sludge volume 

after sedimentation.  All pumps, as well as mixers and aerators were controlled on-line 

(National Instruments' software LabVIEW 2012, Austin, USA). A 2-way reversible low-flow 

peristaltic pump (SCIQ 405U/L2, Watson-Marlow Inc, Wilmington, USA) was used to pump 

the influent and effluent. The corresponding amount of settled sludge was withdrawn 

with a peristaltic pump (Ecoline, IDEX Health & science GmbH, Wertheim, DEU) 

and the aeration was applied from the bottom of the SBR through a 5 mm tube with no diffusor. 



 

70 

 

Slow stirring during the bioflocculation phase was applied with an overhead stirrer type BS 

(VELP Scientifica, Usmate Velate, ITA) and controlled by a timer. 

All the measured parameters were evaluated after an operational period of at least three times 

the SRT to ensure stable operation. 

  

Figure 5-1. (Left) The scheme for laboratory model of the CoSEA process; (Right) The cycle 

of CoSEA operation; SEWAGE – influent raw wastewater, EFF – effluent, AIR – oxygen 

supply by aeration promotes regeneration phase, AD – anaerobic digestion of produced sludge 

in CoSEA as an energy recovery step. 

 

5.2.4 Biochemical methane potential 

For each Phase of CoSEA operation (various RSRs), biochemical methane potential (BMP) 

experiments were performed to determine the amount of methane production by the sludge 

produced in CoSEA. The experiments were done in triplicates (both samples and blanks) 

and carried out in 112 mL serum bottles at 35 °C according to the standard procedure described 

in Angelidaki et al. (2009). We used a mesophilic sludge from anaerobic stabilization 

of primary and waste activated sludge from municipal WWTP (30 000 PE) as inoculum, 

with organic loading rate of approximately 0.25 gg-1 (CODsludge, VSSinoculum). Biogas 

production was measured by gas burette and recalculated for standard conditions (0 °C, 101.3 

kPa). Biogas composition was determined by gas chromatograph equipped with TCD (GC-

2014 Shimadzu, Japan). 

5.2.5 Analytical procedures 

Samples of sewage and CoSEA effluent, mixed liquor suspended solids (MLSS) and settled 

sludge were analysed in triplicates for total and soluble COD (5220), TSS (2540D) and volatile 
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suspended solids (VSS) (2540E), according to the procedures described in Standard Methods 

(APHA, 2005). The value of pH was determined by pH meter (inoLab pH 730, WTW, 

Germany). Temperature was measured by a mercury thermometer. The level of DO (4500-O) 

were monitored with a portable multi-parameter meter (HQ30D flexi, HACH, Loveland, USA) 

coupled with a luminescent dissolved oxygen sensor (HACH, Loveland, USA). 

5.2.6 Determination of EPS content 

Extracellular polymers (EPS) were determined as follows: The sludge sample were centrifuged 

at low speed and the soluble forms of EPS were isolated (Karapanagiotis et al., 1989). 

The bounded EPS were extracted from the sludge sample by thermal extraction as proposed 

by Karapanagiotis et al. (1989). Then, the individual EPS fractions of saccharides (M. Dubois, 

1956),   DNA (Burton, 1956), humins (Krishnan, 1966) and proteins (O. Lowry, 1951) were 

determined by spectrophotometry. 

5.2.7 Energy recovery calculations 

All energy calculations were based on COD balance within each phase of CoSEA operation. 

Assuming known volumes and concentrations of each stream, i.e. influent, effluent and sludge 

withdrawal, we were able to calculate a theoretical energy recovery potential from sludge 

by anaerobic digestion. Energy Recovery Potential (ERP) was calculated using following 

equations: 

[COD]in = Vin ∙ CODin        (5.1) 

[COD]eff = Veff ∙ CODeff        (5.2) 

[COD]sludge = Vsludge ∙ CODsludge       (5.3) 

YAD = [COD]CH4 / [COD]sludge       (5.4) 

Superscripts in, eff and sludge mean volumes in L and concentrations in g L-1 (COD) 

for influent, effluent and sludge withdrawal, respectively. YAD represents methane yield 

from withdrawal sludge and [COD]CH4 is calculated assuming 1 g COD = 0.395 L CH4 at 35 °C 

and 1 atm. Then, final equation (5.5) can be formed by equations (5.1) to (5.4) and it represents 

the percentage of the amount of chemical energy contained in raw sewage that can 

be transformed to methane: 

ERP = ([COD]CH4 / [COD]in) ∙100       (5.5) 
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5.3 Results 

5.3.1 Batch bioflocculation assays 

COD removal 

The effect of MLSS concentration on the bioffloculation of sewage and activated sludge was 

greater than the influence of contact time and settling time. When the sludge was added 

as a bioflocculent agent, an increase in efficiency with increasing MLSS concentration 

in the batch was demonstrated for the same settling time (F=22.02, d.f.=5, p<0.001). 

The maximum efficiency of COD removal as high as 81 (±4)% was achieved when the highest 

bioflocculation concentration of the sewage-sludge mixture (the MLSS of 6 g L-1) was tested 

(Fig. 5-2B). Comparably good results of 77 (±3)% and 78 (±5)%, were achieved at MLSS 

concentration of 3 and 4 g L-1, respectively. COD removal of 46 (±9)% represents simple 

sedimentation of raw sewage with TSS concentration around 0.5 g L-1 for 90 min. No significant 

effect of biofloculation contact time (F=0.088, d.f.=1, p=0.77) (Fig. 5-2A) nor settling time 

(F=0.05, d.f.=2, p=0.95) (Fig. 5-2C) was observed when analyzed per MLSS concentration 

level. 

Similar relationship between increasing removal efficiencies and higher MLSS concentrations 

was found for soluble COD removal (F=9.45, d.f.=5, p<0.001). Very low or even negative 

soluble COD removal efficiency of 0.3 (±5.7)% occurred when no sludge was added 

to the batch. For the experiments with activated sludge additions at resulting MLSS 

concentrations of 1, 2, 3, 4 and 6 g L-1, the soluble COD removal efficiencies were observed 36 

(±4)%, 47 (±7)%, 52 (±6)%, 59 (±19)% and 56 (±19)%, respectively (Fig. 5-3B). No significant 

effect of bioflocculation time (F=0.581, d.f.=1, p=0.46) (Fig. 6-3A) nor settling time (F=1.21, 

d.f.=2, p= 0.30) (Fig. 5-3C) was observed when analyzed per MLSS concentration level. 

TSS removal 

Similar tendency as for the COD removal was also found for TSS removal efficiencies 

in the bioflocculation process. When settling time 90 min was applied, the efficiencies 

of the removal reported per MLSS treatment were 69 (±7)%  for 1  g L-1, 79 (±6)%  for 2 g L-

1, 82 (±8)% for 3 g L-1,  88 (±5)% for 4 g L-1and 88 (±12)% for 6 g L-1 (Fig. 5-4B). TSS decrease 

of 64 (±4)% was observed by simple sedimentation of sewage after 90 min.It was demonstrated 

for the constant contact and settling times that the efficiency of TSS removal could be enhanced 

by using activated sludge as the bioflocculent agent (F=7.49, d.f.=5, p<0.001). No difference 

between the different contact times (15 and 30 min) (Fig. 5-4A) was observed 

for the same settling times (F=0.038, d.f.=1, p=0.85) (Fig. 5-4C) and no effect of different 

settling times (60 and 90 min) was observed for identical contact times (F=0.005, d.f.=1, 

p=0.95). 
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Figure 5-2. Efficiency of COD removal for different bioflocculation times (A), different MLSS 

concentrations (B), and different settling times (C) during the batch bioflocculation assays with 

activated sludge as flocculation agent; the range of the values as well as the median (Q2) and 

both (Q1 and Q3) percentiles can be seen in the figure COD, chemical oxygen demand; MLSS, 

mixed-liquor suspended solids. 
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Figure 5-3. Efficiency of soluble COD removal for different bioflocculation times (A), different 

MLSS concentrations (B), and different settling times (C) during the batch bioflocculation 

assays with activated sludge as flocculation agent; the range of the values as well as the median 

(Q2) and both (Q1 and Q3) percentiles can be seen in the figure. 
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Figure 5-4. Efficiency of TSS removal for different bio flocculation times (A), different MLSS 

concentrations (B), and different settling times (C) during the batch bioflocculation assays with 

activated sludge as flocculation agent; the range of the values as well as the median (Q2) and 

both (Q1 and Q3) percentiles can be seen in the figure. TSS, total suspended solids. 
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5.3.2 The CoSEA process inoculated with activated sludge 

The highest COD removal efficiency of 80 (±5)% and 74 (±7)% (average values for the whole 

Phases I and II) was achieved when MLSS concentration reached 3 and 4 g L-1, respectively 

(Fig. 5A). With decreasing RSR (Table 5-1), lowering tendency in COD removal was observed, 

while the simple settling ensured a COD removal of only 59 (±9)% on average. The average 

concentration of COD in the effluent was as low as 103 (±8) mg L-1 when RSR 93% was 

applied. The decrease of RSR to 86% resulted in a dramatic decrease in effluent quality 

to 164 (±5) mg L-1. The subsequent Phases of CoSEA operation (decreasing bioflocculation 

concetration as a result of decreasing RSRs) resulted in effluent COD concentrations around 

200 mg L-1 (Fig 5-5A). During CoSEA operation, soluble COD removal efficiency fluctuated 

largely with the maximum of 34 (±10)% for the highest RSR during Phase I, although 

for the rest of CoSEA operation, the average soluble COD removal efficiency varied 

from 7 (±9)% to 18 (±9)% (Fig. 5-5B). The highest TSS removal was observed during Phases 

I and II, with an average of 83 and 86%, respectively. With decreasing MLSS concentration, 

TSS removal decreased slightly to 79% and 74% in Phases III and IV, respectively (Fig. 5-5C). 

EPS and soluble COD development during regeneration 

Figure 8 shows the concentration of EPS and soluble COD during regeneration in the CoSEA 

process inoculated with activated sludge (Phase IV, RSR 44%). Immediately after regeneration 

started, soluble COD in the recycled sludge sample decreased to its minimum of 90 mg L-1 

at time 1 h. Then, slight increase was observed at 2 h with no significant change until the end 

of the regeneration. 

The aeration of recycled sludge strongly influenced EPS formation and its distribution between 

bound and soluble form. Total EPS concentration decreased from 1324 to 841 mg L-1 after 1 h 

of the regeneration, although after that time the total EPS formed again (Fig. 5.8). The most 

important change in EPS distribution was observed between 1 and 2 h, when the bound EPS 

were increasing, however, at the same time, the concentration of soluble EPS decreased 

to its minimum. The majority of total EPS (bound and soluble) consisted of proteins and humins 

(from 41 to 44% and 46 to 49% on average, respectively). The rest consisted of polysaccharides 

and DNA. 
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Figure 5-5. Evolution of (A) COD concentration, (B) soluble COD concentration, and (C) TSS 

concentration in influent (●) and effluent (○) and the respective removal efficiencies (▬) during 

inoculated CoSEA process, over five study phases. 
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Figure 5-6. Evolution of (A) COD concentration, (B) soluble COD concentration, and (C) TSS 

concentration in influent (●) and effluent (○) and the respective removal efficiencies (▬) during 

non-inoculated CoSEA process, over five study phases. 
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5.3.3 The CoSEA process without inoculation 

When the CoSEA process was operated without inoculation and SRT was lowered to 1.7 d 

(Table 5-1), the maximal overall COD removal efficiency slightly decreased by about 10 % 

to 71 (±3)% on average in Period I (Fig. 5-6A). During Periods II, III and IV, when SRT 

decreased from 0.8 to 0.3 d, average COD removal efficiency ranged from 66 (±5.0)% 

to 63 (±8)%, indicating that the treatment performance was strongly influenced by sewage 

quality (Fig. 6-6A) rather than by SRT. Similarly, the highest soluble COD removal efficiency 

of 18 (±3)% on average was observed in Period I. In Periods II, III and IV the efficiencies varied 

a lot around average 11 (±7)% (Fig. 5-6B). As for the blank (Period V), soluble COD effluent 

concentration remained the same as in the influent (average removal efficiency of 0 (±8)%). 

The concentration of total COD in the effluent increased from 234 (±23) mg L-1 to 314 (±94) 

mg L-1 in Phases I and IV, respectively. The increase from 79 (±26) mg L-1 to 86 (±21) mg L-1 

in Phases I and IV, respectively, was observed also for soluble COD. The highest TSS removal 

was observed during Phases I with an average around 78%. Then, with decreasing MLSS 

concentration, removal slightly decreased to 74, 71 and 70% in Periods II, III and IV, 

respectively. Simple settling of raw wastewater removed approximately 64% of TSS (Fig. 5-

6C). 

5.3.4 BMP of the CoSEA sludge 

The results from BMP experiment show relatively high anaerobic biodegrability of wasted 

sludge from both inoculated and non-inoculated CoSEA (Table 5-2). Calculating the equations 

1 to 5, the highest transformation of sewage COD to methane gas was achieved for Phase III 

and it was 55% and 43% in inoculated and non-inoculated CoSEA, respectively. However, 

slightly higher values of sludge biodegrability were obtained from the non-inoculated operation 

(Table 5-2). 

5.4 Discussion 

5.4.1 Energy recovery from sewage via the CoSEA process 

The highest methane production from sewage COD was observed at SRT 0.9 d (RSR 72%) 

when CoSEA was inoculated with activated sludge. The average COD conversion to methane 

during this Phase was as high as 55%. This is higher than 35% conversion achieved by Akanyeti 

et al. (2010) or than 36% conversion achieved by Meerburg et al. (2015) and much higher than 

25 to 30% which is commonly achieved in WWTPs with optimized anaerobic stabilization 

of sewage sludge (Jenicek et al., 2013; Nowak et al., 2011; Wett et al., 2007). This high methane 

yield can be explained by both high COD removal (enhanced accumulation of sewage COD 

via bioflocculation in the CoSEA process) and the exceptional high BMP of CoSEA sludge 

(up to 0.64 g CH4 g COD-1), which is considerably higher than 0.40 proposed by STOWA 

(2005). High VS/TS ratio (60 to 82%) was observed in the CoSEA sludge during the operation 

of both inoculated and non-inoculated reactor (Table 5-2). The highest methane production 
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potential from sewage COD (55%) correlates with the highest VS/TS ratio in the sludge 

(up to 75% in Phase III). Similar VS/TS ratio (between 72 and 76%) resulted 

in the most efficient energy recovery operation without inoculation (up to 43%).  

The concentration of CoSEA sludge after settling was the major factor affecting the amount 

of energy which can be transferred into the anaerobic digester. Comparing avergae CoSEA 

sludge concentration of 9.6 g TS L-1 with 4.9 TS gL-1, which was achieved in Phase III 

of inoculated and non-inoculated CoSEA, respectively, the amount of VS available for methane 

formation was double in inoculated CoSEA (7.2 gL-1 compared to 3.5 gL-1). 

When CoSEA process was not inoculated with activated sludge, 43% energy recovery 

from sewage was achieved. This is similar to 42% energy recovery observed at Prague Central 

WWTP (Czech Republic) (Jenicek et al., 2013), where primary sedimentation has been 

enhanced by the addition of inorganic coagulants (ferric salts). Although, the process 

optimization by Fe3+ addition has positive effect on the WWTP´s energy self-sufficiency, 

the additional costs for coagulants supply and environmental risks such as increased salinity 

of the effluent. Moreover, chemically enhanced primary sedimentation (CEPT) is not optimized 

for the recovery of soluble COD which limits the maximum amount that can be subsequently 

transformed to methane gas through anaerobic digestion (Meerburg et al., 2015).  

In a non-inoculated CoSEA process, even higher BMP of CoSEA sludge (up to 0.65 g CH4 g 

COD-1) was observed. It shows that less aerobic mineralization took place 

when the regeneration phase was shortened and more sewage COD could be distributed 

to the CoSEA sludge. In addition, as the biodegrability of activated sludge is lower 

than that of primary sludge (Henze et al., 2008), spontaneous inoculation of the CoSEA process 

by the organic solids present in sewage should result in higher methane yields. This is supported 

by our findings of slightly higher methane yields of the sludge coming from spontaneously 

inoculated CoSEA. 

Compared to other treatment processes, CoSEA shows comparable or higher energy recovery 

from sewage. Mahmoud et al. (2004) achieved similar result (approx. 45%), but using 

a more complex system (upflow anaerobic sludge bed reactor – heated digester). 

The integration of bioflocculation of grey water in decentralized sanitation concepts 

may increase the overall production of methane by up to 73%, but based on the biogas produced 

by black water only (Hernández Leal et al., 2011). 
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Table 5-2. Summary of contact stabilization with enhanced accumulation process evaluation 

for inoculated operation with activated sludge and for non-inoculated operation. 

  
CoSEA inoculated with activated sludge Non-inoculated CoSEA 

Phase 
RSR 

(%) 

*COD 

removal 

from 

sewagea 

(%) 

Sludge BMP 

(g COD CH4/ 

g COD sludge)b 

Sludge 

VS/TS 

(%) 

ERP 

(%) 

COD 

removal 

from 

sewagea 

(%) 

Sludge BMP 

(g COD-CH4/ 

g COD sludge)b 

Sludge 

VS/TS 

(%) 

ERP 

(%) 

I 

II 

III 

IV 

V 

93 

86 

72 

44 

0 

80 

74 

68 

66 

55 

0.58 

0.59 

0.64 

0.60 

0.50 

74 

75 

75 

65 

62 

43 

44 

55 

46 

39 

70 

66 

63 

62 

60 

0.62 

0.64 

0.65 

0.65 

0.57 

82 

76 

72 

64 

60 

32 

43 

43 

37 

27 
aAverage value for entire phase. 
bTransformation of sewage COD into methane. 

BMP, biochemical methane potential; COD, chemical oxygen demand; CoSEA, Contact Stabilization 

with Enhanced Accumulation; ERP, energy recovery potential; TS, total solids; VS, volatile solids. 

5.4.2 The efficiency of COD removal from sewage by the CoSEA process 

The main mechanisms of COD and TSS removal in processes comparable to CoSEA is assumed 

to be adsorption and bioflocculation, since the HRT is short and organic loading relatively high 

(Diamantis et al., 2014; Verstraete et al., 2009). Indeed, the adsorption of organic matter 

in sewage is a rapid phenomenon and it takes only a few minutes to reach equilibrium (Guellil 

et al., 2001). In the CoSEA process, the maximal overall COD removal efficiency of 80% 

and TSS removal efficiency of 90% corresponds to the findings of Zhao et al. (2000). 

Since the only separation process involved in CoSEA was sedimentation, the effluent COD 

concentrations varied - between 100 and 200 mg L-1, depending only on MLSS concentration 

during bioffloculation. Diamantis et al. (2014) observed average effluent COD concentration 

of 100 mg L-1 while treating municipal wastewater with bioflocculation as a pretreatment. 

But this was only possible using ultrafiltration as the separation step (0.03 μm mean pore size). 

Similarly, Akanyeti et al. (2010) used membrane bioreactor (0.1 μm mean pore size) for sewage 

treatment while achieving average effluent COD concentration of 64 mg L-1. 

The CoSEA process retained a significant part of soluble COD, most probably 

due to the enhanced bioflocculation mechanism involved in the SBR operation. Thanks 

to the concentration gradient occurring in the SBR reactor, the ability of bioflucculent sludge 

to accumulate dissolved COD was promoted due to a similar effect which takes place 

e.g. in selectors (Chudoba & Pujol, 1994). I.e. the sludge microorganisms are during 

the regeneration and contact phase subjected to starvation and selective pressure which favor 

the sorption and storage of substrate inside the cells during the subsequent feast period.  
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EPS formation in CoSEA sludge 

The biosorptive properties of CoSEA sludge for particulate and soluble matter in sewage was 

expected to be improved with the regeneration of recycled sludge. EPS development in CoSEA 

inoculated with activated sludge (Fig. 5-7) closely correlated with regeneration time. After 2 

hours of sludge regeneration (from 1 to 3 hours), both EPS fractions (bound and soluble) 

increased identically by 41%. Note that, EPS are believed to play an important 

role  in bioflocculation process (Yu et al., 2009). However, the effect of EPS and their 

fractionation on bioffloculation is disputed (Bala Subramanian et al., 2010; Li & Yang, 2007; 

Yu et al., 2009). There is great inconsistency between the results obtained by different authors. 

Moreover, according to the Joudah (2014), temperature range 15 to 20 °C plays only a minor 

role in bioflocculation. Liao et al. (2011) shows significant changes in EPS formation when 

the temperature increment above 30 °C occurred, depending strongly on the DO concentration 

(aerobic/anaerobic conditions). These high temperatures, however, are in the bioflocculation 

mixture highly improbable. 

 

Figure 5-7. EPS evolution and soluble COD concentration during the regeneration of sludge 

sample in Phase IV of inoculated CoSEA process. EPS, extracellular polymers. 
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5.4.3 The applicability of CoSEA for sewage treatment 

By implementing bioflocculation for sewage treatment a high-strength stream (sludge) 

will be generated that can be efficiently transformed to methane. This process can increase 

the efficiency of primary sedimentation at CAS WWTPs and indeed replace/eliminate 

the chemical coagulant demand by simple recirculation of activated sludge to a primary settler 

(Huang & Li, 2000). From this perspective, CoSEA can be seen as an alternative to primary 

sedimentation at WWTPs. With this configuration, we showed that CoSEA separates organic 

content from sewage at efficiencies up to 80%. Due to that, CoSEA represents a more favorable 

way to recycle chemical energy from sewage over the direct anaerobic sewage treatment, where 

the main challenges such as dissolved methane in effluent and very low anaerobic biomass 

activity at low temperature were not overcome yet (McCarty et al., 2011; Smith et al., 2014). 

Moreover, the implementation of CoSEA as a mainstream sewage treatment process requires 

further post-treatment, due to the missing nutrient removal approach and relatively poor effluent 

quality. There are few studies dealing with effluents post-treatment from the novel up-

concentration processes, mostly focused on autotrophic nitrogen removal (Lotti et al., 2015; 

Wett et al., 2015) or using membrane processes to ensure effluent discharged standards 

(Diamantis et al., 2014). On the other hand, the main effluent properties expected for successful 

mainstream Anammox process, such as efficient and stable TSS and COD removal (Lotti et al., 

2015; Van Hulle et al., 2010), can be achieved with CoSEA.  

For successful bioflocculation, at least 2 mg DO/L must be ensured during the regeneration 

phase to promote EPS production (Zhang et al., 2015). According to Krampe and Krauth 

(2003), concentrations of activated sludge below 5 g TSS/L usually do not require extra aeration 

capacity. However, in bioflocculation sludge, the oxygen mass transfers coefficient (α) 

may decrease to less than 0.5 (Henkel, 2010), which will make sufficient air supply difficult. 

This must be taken into account when designing full-scale bioflocculation reactors. 

5.5 Conclusions 

The CoSEA process is a novel approach to chemical energy recovery from sewage, appliable 

in moderate climates. We have demonstrated that using either primary or activated sludge 

as a bioflocculent agent, the separation of organic matter can be substantially improved 

compared to conventional primary wastewater treatment. The application of concentration 

gradient in the reactor significantly promoted COD separation efficiency. At least 43% 

of the original energy content in sewage can be recovered without inoculation, while activated 

sludge addition can enhance the bioffloculation process resulting in 55% energy recovery. 

Although CoSEA requires effluent post-treatment in terms of nutrients (nitrogen, phosphorus) 

removal/recovery, it indeed is a promising advance towards energy positive sewage treatment.  



 

84 

 

6 MAXIMIZING ENERGY RECOVERY FROM 

WASTEWATER VIA BIOFLOCCULATION-ENHANCED 

PRIMARY TREATMENT: A PILOT SCALE STUDY 5 
 

 

Abstract 

Anaerobic digestion of municipal sewage sludge is widely used for harvesting energy from 

wastewater organic content. The more organic carbon we can redirect into the primary sludge, 

the less energy is needed for aeration in secondary treatment and the more methane is produced 

in anaerobic digesters. Bioflocculation has been proposed as a promising separation technology 

to maximize carbon capture in primary sludge. Thus far, only limited data on bioflocculation 

are available under real conditions, i.e. from pilot-scale reactors treating raw sewage. Moreover, 

no study has discussed yet the influence of bioflocculation on denitrification potential 

ofsewage. Therefore, we performed bioflocculation of raw sewage in high-rate contact 

stabilization process in pilot-scale to investigate maximal primary treatment efficiency. During 

100 days of operation at sludge retention time of only 2 days, the average removal efficiencies 

of chemical oxygen demand (COD), suspended solids (TSS) and total phosphorus (TP) were 

75%, 87% and 51%, respectively, using no chemicals for precipitation. Up to 76% of incoming 

COD was captured in primary sludge and 46% for subsequent anaerobic digestion, 

where energy recovery potential achieved 0.33 to 0.37 g COD as CH4 per g COD of influent. 

This study showed in real conditions that this newly adapted separation process has significant 

benefits over chemically enhanced primary treatment, enabling sewage treatment process 

to overcome energy self-sufficiency.  

 
This Chaper is based on the research outcomes published in Environmental Technology in 2019. Reference: 

Dolejš, P., Varga, Z., Luza, B., Pícha, A., Jeníček, P., Jeison, D., Bartáček, J. 2019. Maximizing energy recovery 

from wastewater via bioflocculation-enhanced primary treatment: A pilot scale study. Environmental Technology, 

1-11. ahead of print: https://doi.org/10.1080/09593330.2019.1697377 
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6.1 Introduction 

All around the developed world, water sector is seeking for intensification of wastewater 

treatment plant facilities (WWTP) in the terms of energy savings, achieving superior effluent 

quality and reducing carbon footprint. Wastewater is increasingly viewed as energy carrier, 

as its chemical energy  can be recovered by up-concentration of organic carbon and maximized 

sludge digestion or by source-separation and subsequent anaerobic treatment (Frijns et al., 

2013). Already, many benchmarking tools advise the employment of anaerobic digestion 

as energy recovery step, either in the main treatment line or in side-stream (Khiewwijit et al., 

2015; McCarty et al., 2011). 

In the search for energy positive process, advanced primary treatment has been proposed 

as an intensification option for current WWTPs as well as for novel plant layouts combining 

heterotrophic and autotrophic nutrients removal concepts (Verstraete et al., 2009; Wett et al., 

2007; Zhao et al., 2000). Enhanced sorption of organic matter and hence its redirection to sludge 

processing line has shifted several WWTPs to energy neutral or even positive (Jenicek et al., 

2013; Nowak et al., 2011). This organics separation in the main treatment line is usually forced 

by chemically enhanced primary treatment (CEPT), which is based on the precipitation 

of organics with coagulants based on iron or aluminium (Diamantis et al., 2013; Jenicek et al., 

2012). However, besides other environmental drawbacks, CEPT is not optimized for separation 

of dissolved organic matter (Meerburg et al., 2015), leaving not-negligible part (approx. 30%) 

of sewage energy potential unutilized. 

Already several studies have brought back to the scope of WWTP operators so called 

AB process (Böhnke, 1977), with its capability to remove part of organic matter (particulate, 

colloidal and dissolved) at high rate and thus produce more primary sludge. Its intensified 

modifications are nowadays presented as biosorptive activated sludge (BAS) or bioflocculation 

process (Diamantis et al., 2014; Zhao et al., 2000), high-rate contact stabilization (HiCS) 

process (Meerburg et al., 2015; Rahman et al., 2016), or contact stabilization with enhanced 

accumulation (CoSEA) process (Dolejs et al., 2016). All these processes employ activated 

sludge biomass as an agent for advanced primary treatment, instead of inorganic agents used 

in the case of CEPT (Araneda et al., 2017). When biomass is to be used as sorption agent 

in a process often called bioflocculation, very low retention times are applied (below 2 d). 

Low retention time enhances extracellular polymeric substances (EPS) production, 

which improves the bioflocculation sorption capacity and settleability of primary sludge 

(Dolejs et al., 2016; Kinyua et al., 2017; Meerburg et al., 2016). 

Only limited data on bioflocculation-enhanced primary treatment are available under real 

conditions, i.e. from pilot-scale reactors treating raw sewage. Moreover, no study has discussed 

yet the influence of bioflocculation on denitrification potential of sewage. This is definitively 

relevant, since carbon management of such process will change the ratio between slowly 

and rapidly biodegradable substrate for denitrifiers. 
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So far, Dolejs et al. (2016) conducted lab-scale batch experiments with raw sewage 

at its original temperature of 15 °C, revealing the principle behavior of organic matter 

under the bioflocculation process. It was shown, that up to 43% of the original energy content 

in sewage can be recovered without inoculation, while activated sludge addition can enhance 

the bioflocculation capacity resulting in 55% energy recovery (in the form of methane gas). 

Parallelly, Rahman et al. (2016) conducted a series of pilot-scale experiments to compare 

conventional high-rate activated sludge process, continuous stirred tank reactor and plug flow 

configuration with HiCS in terms of carbon recovery potential. However, this study used 

effluent from chemically enhanced primary treatment, i.e. low-strength wastewater (< 200 mg 

L-1 influent COD). Recently, Rahman et al. (2017) published an extensive study focused 

on mechanistic understanding of EPS production in HiCS systems treating real high-strength 

wastewater, comparing EPS production kinetics under aerobic and anaerobic conditions. 

In this study, a pilot-scale unit treating high-strength municipal wastewater was performed 

at the Central wastewater treatment plant in Prague, Czech Republic. The continuous system 

(261 L total volume) was operated at low sludge retention time (SRT) of 2 days to investigate 

maximal primary treatment capacity. We focused on the settling properties of primary sludge, 

tested its anaerobic biodegradability in biomethane potential (BMP) experiments 

under both mesophilic (35 °C) and thermophilic (55 °C) conditions and calculated energy 

recovery potential based on COD balance. Moreover, this paper provides unique comparison 

on denitrification potential of pilot-plant effluent with raw sewage and original CEPT effluent, 

to compare how bioflocculation-enhanced primary treatment influences nitrogen management 

in subsequent treatment. 

6.2 Material and methods 

6.2.1 Pilot scale set-up and operation 

A pilot-scale reactor was operated at the Central WWTP in Prague, Czech Republic. The plant 

treats wastewater of mainly municipal pollution of 1.6 million PE by mechanical-chemical 

and biological processes, characterized as regeneration, denitrification and nitrification (Kos et 

al., 1992), employing CEPT and well optimized thermophilic anaerobic sludge treatment 

(Jenicek et al., 2013). In this study, high-strength raw wastewater (before inlet to mechanical 

pretreatment) was used as influent with characteristic in Table 7-1. 

The pilot experiments were operated under the real conditions at temperature ranging 

from 16 to 20 °C during the whole period.  The influent was fed directly to a completely mixed 

bioflocculation tank of effective volume (Veff 36 L) and hydraulic retention time (HRTC; 

15 min) together with regenerated sludge, where the biosorption of organics from wastewater 

occurred. The mixture continued to a cylindrical clarifier (Veff 180 L, surface area of 0.38 m2) 

with slow bottom-scraping mechanism. Settled sludge was returned to regeneration tank 

(Veff 45 L) operated at hydraulic retention time (HRTR; 39 min), equipped with fine bubble 
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membrane aerator, where the oxidation of biosorbed organics occurred. To ensure complete 

mineralization of adsorbed or stored organic carbon in the return sludge, dissolved oxygen (DO) 

in the regeneration tank was maintained > 2 mg L-1 and HRTR was set to 39 min, which should 

be enough for sludge stabilization (Meerburg et al., 2016; Meerburg et al., 2015). 

Table 6-1. Influent wastewater composition based on grab sample analyzesa and 24 h 

composite sample analyzesb 

Parameter Unit Average ± SD Range 

a CODt 

b CODt 

a CODsol 

b CODsol 

a TS 

a TSS 

a VSS 

b TAN 

b TP 

b P-PO4
3- 

mg L-1 

mg L-1 

mg L-1 

mg L-1 

g L-1 

g L-1 

g L-1 

mg L-1 

mg L-1 

mg L-1 

716 ± 34 

678 ± 43 

208 ± 14 

195 ± 13 

1.04 ± 0.16 

0.38 ± 0.13 

0.31 ± 0.10 

42.2 ± 0.8 

7.6 ± 1.0 

4.2 ± 0.1 

311 – 1 144 

508 – 948 

86 – 324 

120 – 307 

0.52 – 1.37 

0.15 – 0.83 

0.07 – 0.54 

27.7 – 44.0 

5.5 – 8.8 

2.6 – 5.6 
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Table 6-2. Overview of the pilot operation parameters, compared with our previous study of CoSEA SBR and other studies, all performed 

with medium to high-strength wastewater except Rahman et al. (2016), who tested CEPT effluent.  
1 Overall volume is calculated as the sum of the volumes of settling tank, bioflocculation tank and regeneration tank. 

2 These studies were performed with synthetic wastewater. 

a Calculated theoretically based on presented COD balance by Rahman et al. (2017) and assuming the BMP of WAS to be 0.73 g g-1 (this study).  

M Energy recovery obtained for mesophilic BMP of primary sludge. 

T Energy recovery obtained from thermophilic BMP of primary sludge.  

* Energy recovery is expressed as g COD as CH4 per g COD of influent wastewater.  

Studies 

 (references) 

Scale  

(overall 

volume) 1 

HRTC, 

HRTR 

(min) 

SRTT, 

SRTAER 

(d) 

XC 

(g L-1) 

OLR 

(kg tCOD  

m-3 d-1) 

Wasting 

rate 

(L d-1) 

Influent 

CODt  

(mg L-1) 

Effluent 

CODt 

(mg L-1) 

Energy 

recovery * 

 

(Dolejs et al., 2016) 

(Meerburg et al., 2016) 2 

(Rahman et al., 2017) 

(Rahman et al., 2016) 

This study 

lab (1 L) 

lab (3 L) 

pilot (1017 L) 

pilot (1 066 L) 

pilot (263 L) 

30, 260 

15, 40 

10, 20 

30, 86 

15, 39 

0.9 ± 0.1, 0.8 ±0.1 

1.3 ± 0.4, N/A 

0.3 ± 0.1, 0.3 ± 0.1 

1.7 ± 0.5, 0.8 ± 0.3 

2.2 ± 0.5, 0.8 ± 0.2 

1.8 ± 0.2 

2.8 ± 0.1 

1.9 ± 0.3 

0.7 ± 0.1 

3.5 ± 0.6 

1.8 ± 0.3 

6.6 ± 0.4 

16 ± 3 

2.1 ± 0.3 

4.5 ± 0.9 

0.14 ± 0.3 

N/A 

660 ± 210 

250 ± 90 

56 ± 5 

596 ± 33 

668 ± 30 

468 ± 76 

156 ± 19 

716 ± 34 

205 ± 11 

234 ± 22 

224 ± 42 

61 ± 17 

175 ± 13 

0.55 M 

0.40 M 

0.27 a, M 

0.33-0.34 M 

0.33 M, 0.37 T 
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Then, regenerated sludge was subsequently pumped back to bioflocculation tank.  Sludge 

recirculation ratio was firmly set to 100% of influent flow. In order to keep SRT at 2 days, 

sludge was wasted. In the case of this study, samples of wasted sludge were subjected to BMP 

assays to establish their energetic content in the form of a potential methane production. A 

schematic setup of the pilot is shown in Fig. 7-1. Technological parameters such as hydraulic 

retention times (HRTC; in bioflocculation tank, equation (7.1), HRTR; in regeneration tank, 

equation (7.2)), sludge retention times (SRTT; total, equation (7.3), SRTAER; aerobic, equation 

(7.4)), organic loading rates (OLR; equation 7.5), sludge wasting rates and bioflocculation 

concentration expressed as mixed liquor suspended solids (MLSS) are shown in Table 7-2.  

 

Figure 6-1. The set-up of the pilot reactor treating real sewage. COD balance is expressed using 

the percentage of COD mass flow of the streams, calculated as g COD g-1 CODinfluent. 

(In the case of methane stream, the unit of g COD as CH4 per g COD of influent is used). AD 

means anaerobic digestion at mesophilic - thermophilic conditions (33% - 37%). 

 

𝐻𝑅𝑇𝐶 
=

𝑄𝑖𝑛𝑓𝑙𝑢𝑒𝑛𝑡 + 𝑄𝑟𝑒𝑔𝑒𝑛𝑒𝑟𝑎𝑡𝑒𝑑 𝑠𝑙𝑢𝑑𝑔𝑒 

𝑉 𝑏𝑖𝑜𝑓𝑙𝑜𝑐𝑐𝑢𝑙𝑎𝑡𝑖𝑜𝑛 𝑡𝑎𝑛𝑘
       (7.1) 

𝐻𝑅𝑇𝑅 
=

 𝑄𝑟𝑒𝑔𝑒𝑛𝑒𝑟𝑎𝑡𝑒𝑑 𝑠𝑙𝑢𝑑𝑔𝑒 

𝑉 𝑟𝑒𝑔𝑒𝑛𝑒𝑟𝑎𝑡𝑖𝑜𝑛 𝑡𝑎𝑛𝑘
         (7.2) 

𝑆𝑅𝑇𝑇 
=

𝑡𝑜𝑡𝑎𝑙 𝑏𝑖𝑜𝑚𝑎𝑠𝑠 𝑖𝑛 𝑡ℎ𝑒 𝑠𝑦𝑠𝑡𝑒𝑚 (𝑘𝑔) 

𝑄 𝑒𝑓𝑓𝑙𝑢𝑒𝑛𝑡 ∙ 𝑋 𝑒𝑓𝑓𝑙𝑢𝑒𝑛𝑡 +  𝑄 𝑤𝑎𝑠𝑡𝑒 𝑠𝑙𝑢𝑑𝑔𝑒 ∙ 𝑋 𝑤𝑎𝑠𝑡𝑒 𝑠𝑙𝑢𝑑𝑔𝑒  
     (7.3) 

𝑆𝑅𝑇𝐴𝐸𝑅 
=

𝑏𝑖𝑜𝑚𝑎𝑠𝑠 𝑖𝑛 𝑟𝑒𝑔𝑒𝑛𝑒𝑟𝑎𝑡𝑖𝑜𝑛 𝑡𝑎𝑛𝑘 (𝑘𝑔) 

𝑄 𝑒𝑓𝑓𝑙𝑢𝑒𝑛𝑡 ∙ 𝑋 𝑒𝑓𝑓𝑙𝑢𝑒𝑛𝑡 +  𝑄 𝑤𝑎𝑠𝑡𝑒 𝑠𝑙𝑢𝑑𝑔𝑒 ∙ 𝑋 𝑤𝑎𝑠𝑡𝑒 𝑠𝑙𝑢𝑑𝑔𝑒  
     (7.4) 

𝑂𝐿𝑅 =
𝑄𝑖𝑛𝑓𝑙𝑢𝑒𝑛𝑡 ∙ 𝐶𝑂𝐷𝑖𝑛𝑓𝑙𝑢𝑒𝑛𝑡  

𝑉 𝑜𝑣𝑒𝑟𝑎𝑙 𝑣𝑜𝑙𝑢𝑚𝑒
         (7.5) 
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6.2.2 COD balance 

COD balance was calculated using equation      (7.6): 

𝐶𝑂𝐷𝐼𝑁 
= 𝐶𝑂𝐷𝑂𝑈𝑇 + 𝐶𝑂𝐷𝑃𝑅𝐼𝑀𝐴𝑅𝑌 𝑆𝐿𝑈𝐷𝐺𝐸  + 𝐶𝑂𝐷𝑀𝐼𝑁𝐸𝑅𝐴𝐿𝐼𝑍𝐸𝐷 𝐼𝑁 𝑅𝐸𝐺𝐸𝑁𝐸𝑅𝐴𝑇𝐼𝑂𝑁, (7.6) 

where all represent an average daily mass flow in kg COD d-1. As the influent COD was taken 

into account only just the influent wastewater, since the adsorbed and stored COD 

in the regenerated sludge is believed to be depleted, as observed previously (Dolejs et al., 2016). 

6.2.3 Sludge settling characteristics 

To obtain optimal sludge concentration for bioflocculation unit operation in terms of settling 

properties, sludge settleability parameters were conducted according to (Loosdrecht et al., 

2016). Batch settling curves with the sludge from bioflocculation tank were measured at seven 

different initial TSS concentrations (3.3, 3.1, 2.6, 2.4, 1.7, 1.2 and 0.6 g L-1), 

which were obtained by dilution of a unique original sample. The zone settling velocities vzs,i 

were computed by determining the steepest slope between three consecutive datapoints 

in the zone settling phase. To avoid the bonding wall effect in 2 L graduated cylinders used, 

slow stick-stirring was employed (Zábranská, 1997). The density of mass flow of particles (Dqi) 

was then calculated using equation (7.7): 

𝐷𝑞𝑖 = 𝑣𝑧𝑠,𝑖 ∙ 𝑇𝑆𝑆𝑖,        (7.7) 

expressed in kg m-2 h-1 and index i represents each of 7 dilutions. Sludge volume index (SVI30) 

was measured after 30 min of sedimentation in a 1 L volumetric cylinder according to standard 

methods (APHA, 2005). 

6.2.4 Biomethane potential of primary sludge 

Wasted primary sludge was subjected to biomethane potential testing (BMP) to determine 

the realistic amount of energy which can be recovered from this energetic stream 

in the form as gaseous methane via anaerobic digestion. The both, mesophilic (35 °C) 

and thermophilic (55 °C) anaerobic digestion BMP experiments were done in triplicates 

(and blank), carried out in 250 mL serum bottles according to standard procedure (Angelidaki 

et al., 2009; Holliger et al., 2016). Knowing the ultimate methane yield from primary sludge, 

then in theory 1 L of methane represents 2,857 g COD and knowing the mass of COD added 

as a primary sludge to a BMP serum bottle, the equation (7.8) was used for calculation the BMP 

of primary sludge. 

𝐵𝑀𝑃𝑝𝑟𝑖𝑚𝑎𝑟𝑦 𝑠𝑙𝑢𝑑𝑔𝑒 =
𝑔 𝐶𝑂𝐷𝐶𝐻4 𝑝𝑟𝑜𝑑𝑢𝑐𝑒𝑑

𝑔 𝐶𝑂𝐷 𝑎𝑑𝑑𝑒𝑑 𝑝𝑟𝑖𝑚𝑎𝑟𝑦 𝑠𝑙𝑢𝑑𝑔𝑒
     (7.8) 

A sludge from anaerobic stabilization of primary and waste activated sludge from municipal 

WWTP (30 000 PE) was used as mesophilic inoculum and anaerobic sludge from full scale 
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Central WWTP in Prague was used as thermophilic inoculum, both under loading ratio 

of 0.5 g g-1 (COD of sludge, VSSinoculum). Biogas production was measured by gas burette 

as described by Procházka et al. (2012) and recalculated to standard conditions (dry gas, 0 °C, 

101.325 kPa). 

Energy recovery calculations were based on process COD balance as previously described 

(Dolejs et al., 2016). Based on BMP of primary sludge, energy recovery was then calculated 

using equation (9), expressed as g g-1 (g COD as CH4 per g COD of influent). 

𝐸𝑛𝑒𝑟𝑔𝑦 𝑅𝑒𝑐𝑜𝑣𝑒𝑟𝑦 =
𝑔∙𝑑−1𝐶𝑂𝐷𝑝𝑟𝑖𝑚𝑎𝑟𝑦 𝑠𝑙𝑢𝑑𝑔𝑒 𝑐𝑎𝑝𝑡𝑢𝑟𝑒𝑑 ∙ 𝐵𝑀𝑃𝑝𝑟𝑖𝑚𝑎𝑟𝑦 𝑠𝑙𝑢𝑑𝑔𝑒

𝑔∙𝑑−1𝐶𝑂𝐷𝑖𝑛𝑓𝑙𝑢𝑒𝑛𝑡
  (7.9) 

6.2.5 Denitrification potential assays 

Denitrification potential of wastewater was tested in a temperature-controlled (15°C) and stirred 

vessel of 1 L of effective volume. Three different carbon sources, i.e. pilot plant influent (raw 

sewage), pilot plant effluent and real WWTP CEPT effluent were tested to evaluate its different 

availability for denitrification as electron donor. Activated sludge from Central wastewater 

treatment plant in Prague, regenerated by aeration overnight and stripped with nitrogen gas 

prior testing, was used as anoxic denitrification biomass source. To obtain initial N-NO3
- 

concentration of approximately 60 mg L-1 for each test, potassium nitrate was dosed into vessel 

accordingly. Nitrate nitrogen and CODS concentrations were measured in centrifuged samples, 

while pH value was monitored on-line and adjusted to pH of 7.0 ± 0.2 with 0,2 M HCl. Decrease 

of nitrate nitrogen and CODS were plotted in time and monitored until the denitrification 

process reached plateau, i.e. nitrate nitrogen either CODS was depleted. Kinetic 

data were processed according to Loosdrecht et al. (2016), where specific denitrification rate 

on rapidly biodegradable substrate (qNOx_N2,SB) and on slowly biodegradable substrate 

(qNOx_N2,XCB) were calculated according to equations (7.10) and (7.11), respectively, subtracting 

endogenous denitrification rate (rNOx_N2,endo) for both SB and XCB. The amount of nitrate 

consumed on rapidly biodegradable substrate (SNO3_SB,eq) and slowly biodegradable substrate 

(SNO3_XCB,eq) were calculated according to equations (7.12) and (7.13), respectively.  

𝑞𝑁𝑂𝑥_𝑁2,𝑆𝐵 = (𝑟𝑁𝑂𝑥_𝑁2,𝑆𝐵 − 𝑟𝑁𝑂𝑥_𝑁2,𝑒𝑛𝑑𝑜)/𝑋𝑉𝑆𝑆   (7.10) 

𝑞𝑁𝑂𝑥_𝑁2,𝑋𝐶𝐵 = (𝑟𝑁𝑂𝑥_𝑁2,𝑋𝐶𝐵 − 𝑟𝑁𝑂𝑥_𝑁2,𝑒𝑛𝑑𝑜)/𝑋𝑉𝑆𝑆   (7.11) 

𝑆𝑁𝑂3/𝑆𝐵,𝑒𝑞 = (𝑟𝑁𝑂𝑥_𝑁2,𝑆𝐵 − 𝑟𝑁𝑂𝑥_𝑁2,𝑒𝑛𝑑𝑜)/∆𝑡1   (7.12) 

𝑆𝑁𝑂3/𝑋𝐶𝐵,𝑒𝑞 = (𝑟𝑁𝑂𝑥_𝑁2,𝑋𝐶𝐵 − 𝑟𝑁𝑂𝑥_𝑁2,𝑒𝑛𝑑𝑜)/∆𝑡2   (7.13) 

where r was calculated in mg N L-1 hod-1 and q in mg N g VSS-1 hod-1. 

Then, denitrification potential on rapidly biodegradable substrate (DPSB) and slowly 

biodegradable substrate (DPXCB) were assessed using equations (7.14) and (7.15), respectively, 
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𝐷𝑃𝑆𝐵 =
𝑆𝑁𝑂3/𝑆𝐵,𝑒𝑞 ∙ (𝑉𝑀𝐿+𝑉𝑊𝑊)

𝑉𝑊𝑊
   (7.14) 

𝐷𝑃𝑋𝐶𝐵 =
𝑆𝑁𝑂3/𝑋𝐶𝐵,𝑒𝑞 ∙ (𝑉𝑀𝐿+𝑉𝑊𝑊)

𝑉𝑊𝑊
   (7.15) 

where VML is volume of activated sludge, VWW is volume of wastewater sample 

used in the assays (both in L) and DP represents amount of nitrogen (in mg N-NO3
-) removable 

from wastewater via denitrification pathway using tested wastewaters as carbon source (both 

SB and XCB). 

6.2.6 Assumptions for energy balance calculations 

A theoretical comparative evaluation of energy balance was done to assess the potential benefits 

of bioflocculation as an advanced primary treatment process over the conventional primary 

settling using a model case of classical activated sludge process (CAS), i.e. aerobic wastewater 

treatment. The calculation was based on chemical energy flow (expressed in %, based on COD 

balance) within the wastewater treatment technological steps – primary treatment, aerobic 

activated sludge process, anaerobic digestion of primary sludge and waste activated sludge 

and combined heat and power generation (CHP). The calculation was made, considering 

the following assumptions for both options, i.e. CAS with primary settling and CAS 

with bioflocculation: 

a) The efficiency of conventional primary settling in the terms of COD removal is 35% 

(Tchobanoglous et al., 2014); The efficiency of bioflocculation in the terms of COD 

removal is 76.6% (obtained from the pilot); 

b) Yield coefficient of activated sludge is 0.5 and waste heat (mineralization) 

is 0.5 (Tchobanoglous et al., 2014); Biomass decay is not considered since very low 

sludge age was applied; 

c) The effluent represents typically 5% of influent COD, i.e. overall treatment efficiency 

is set to 95% COD removal; 

d) BMP of bioflocculation sludge is 77% (an average between 73% at mesophilic and 81% 

at thermophilic conditions obtained from the pilot) 

e) BMP of secondary sludge is 35% (124 L CH4/kg COD) (Tchobanoglous et al., 2014) 

f) The efficiencies of combined heat and power production (CHP) 

in the terms of electricity, heat and losses are 40%, 45% and 15%, respectively 

(Balaman, 2019). 

6.2.7 Sampling and analytical methods 

During the pilot operation, two types of samples were collected. Besides grab samples, 

time composite samples (24-hours) were collected with an automatic sampler (EPIC Morava 

1500, Czech Republic) to capture daily variations in influent and effluent quality, respectively. 

The majority were taken as grab samples, according to U.S. EPA Standards (Berg, 2002). 



 

93 

 

Nine samples (days of pilot operation: 43, 44, 49, 57, 65, 71, 78, 84 and 98) consisted 

of equal volume aliquots collected at constant time of 15 min (Berg, 2002). These results 

are distinguished in Fig. 2A as full-marked datapoints. 

Total solids (TS), total suspended solids (TSS), volatile suspended solids (VSS), total chemical 

oxygen demand (CODt), soluble COD (CODsol), total ammonia nitrogen (TAN) as a sum of N-

NH3 and N-NH4
+, nitrate nitrogen (N-NO3

-), total phosphorus (TP) and phosphate phosphorus 

(P-PO4
3-) were measured according to standard methods (APHA, 2005). The dissolved forms 

were measured from sample centrifuged for 10 min at 14 926 g on Sigma 3-16P (Sigma 

Laborzentrifugen GmbH, Germany). Suspended COD (CODs) was calculated as the difference 

between CODt and CODsol. pH value was measured with a pH meter (pH 730 inoLab WTW, 

Germany). Dissolved oxygen (DO) was monitored with optical dissolved oxygen sensor 

(Hamilton VisiFerm DO Arc 120, USA) with accuracy of ± 0.1 mg L-1. Biogas quality 

was tested on GC-TCD (CE Instruments GC 8000 Top, Wigan, UK) equipped with packed 

column (using Porapak Q 80-100 mesh, Waters corporation, Milford, Massachusetts, USA). 

6.3 Results and discussion 

6.3.1 Organics redirection to sludge and the quality of effluent 

During the entire pilot plant operation, the average CODt and CODsol removal efficiencies 

were 75% and 50%, i.e. effluent was ranging from 54 to 318 mg L-1 (CODt) and from 22 to 199 

mg L-1 (CODsol), respectively (Table 7-2). Calculating in total mass flow (expressed in % 

of total CODinfluent), this represents that on average 23.7% of influent wastewater COD 

continued to secondary treatment as primary treatment effluent and 76.3% represented primary 

sludge, when 45.8% was captured for subsequent anaerobic digestion and the rest (30.5%) was 

used as regenerated sludge for bioflocculation (Fig. 7-1). This corresponds with estimated 

average COD balance for full scale Prague CWWTP, where 47.5% of influent COD 

is redirected to primary sludge for biogas production, but using intensive CEPT (Jenicek et al., 

2013). Rahman et al. (2017)  separated comparable amount (37%) of potential energy 

with nearly identical pilot set-up (used aerobic, i.e. extra aerated contactor). They quantified, 

that aerobic contactor provides up to 22% more EPS due to non-limiting dissolved O2 (DO) 

concentrations (Rahman et al., 2017). In our set-up, in an effort to eliminate oxidation 

of organics in the contactor as much as possible, only regeneration unit was aerated (maintained 

DO level > 2 mg L-1) to induce EPS production. However, based on COD balance, still 30.5% 

organics was lost to CO2 production and biomass growth, which is noticeably higher than 15% 

observed by Rahman et al. (2017). The main reason can be much lower SRT (0.3 d) used in their 

study. 

Both TSS and VSS removal was approximately 90% (Fig. 7-2B) with average effluent TSS 

and VSS concentrations of 51 and 34 mg L-1, respectively. This shows the applicability 
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of bioflocculation for high rate primary settling, as already described (Dolejs et al., 2016; Zhao 

et al., 2000). Overall, no significant difference for both COD and solids removal efficiencies 

was observed even when composite 24-hours samples were analyzed compared to grab samples 

(Fig. 7-2A). 

 

Figure 6-2. (A) COD concentration during 100days operation of bioflocculation pilot plant 

treating raw sewage. Filled datapoints represents 24-hours composite samples. (B) 

The concentration of total solids (TSS) in the effluent from the settling tank and TSS 

and VSS removal efficiencies. 

We observed average total phosphorus removal as high as 51% (Fig. 7-3B), while the phosphate 

phosphorus removal was 21% (Fig. 7-3A). This indicates that anaerobic conditions 

in the contact reactor with HRT of 30 min do not induce phosphate release from the sludge. 

It has been reported that high rate contact systems (bioflocculation included) are capable 

to enhance phosphorus removal via storage capacity of PAOs (phosphorus accumulating 

organisms) in the form of poly-phosphate. Therefore, sludge flocs in good performing EBPR 

(enhanced biological phosphorus removal) WWTP plants have higher density and better 

settling properties (Friedberg & Avigad, 1968). However, the behavior of PAOs at very 



 

95 

 

low SRTs around 2 d is still not fully elucidated and literature data on levels of phosphorus 

capture and release under mixotrophic conditions vary greatly (Wang, 2018). Comparing 

phosphorus removal efficiency at conventional primary treatment (usually 5 to 15% of TP 

(Balmér & Hultman, 1988)), bioflocculation brings interesting benefit in the view 

of strengthening TP effluent discharged standards in the European region (Voulvoulis et al., 

2017). 

 

Figure 6-3. The concentration of (A) – phosphates, (B) – total phosphorus in influent (●) 

and effluent (▲) during bioflocculation of raw wastewater using no chemicals; 24-hours 

composite samples are presented. 

 

6.3.2 Sludge redirection to energy 

In this study, the real energy recovery from sewage was 0.33 g CODCH4 g-1 CODinfluent 

(mesophilic) and 0.37 g CODCH4 g
-1 CODinfluent (thermophilic) (Table 2), based on the BMP 

of primary sludge, which was as high as 0.26 and 0.28 L g-1 (CH4, CODadded) at 35 °C and 55°C, 

respectively. These values represent 73% and 81% anaerobic biodegradability of captured 

primary sludge, which is comparable to 74% biodegradability of primary sludge reported 

by Mahdy et al. (2015), but much higher than typical values for wasted activated sludge (WAS) 

ranging from 54 to 60% (Astals et al., 2013). Assuming the bioflocculation takes place instead 
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of conventional primary treatment, more primary sludge (rather than WAS) is produced 

and thus higher overall anaerobic digestion efficiency can be expected. Rahman et al. (2017) 

introduced the term “carbon harvesting”, which refers to the amount of influent COD that turns 

into activated sludge biomass (expressed as % in the COD balance). They obtained 37% at SRT 

0.3 d, but did not report experimental BMP determinations of captured sludge. Assuming BMP 

of primary sludge of 0.73 g g-1 (COD as CH4 per g COD of added sludge), the energy recovery 

from wastewater could be potentially 0.27 g g-1 (COD as CH4 per g COD of influent (Table 2). 

Up to now, except Dolejs et al. (2016) and Meerburg et al. (2015), no other authors calculated 

energy recovery knowing the real experimental BMPs of captured sludge. However, 

these can vary greatly in respect to sludge TS/VS ratio, bioflocculation SRT (Ge et al., 2017), 

or the temperature of the applied subsequent anaerobic digestion process. 

6.3.3 Bioflocculation effluent denitrification potential 

All above mentioned studies deal exclusively with carbon capture in primary treatment 

and none of them consider the potential drawbacks that may come from carbon insufficiency 

for conventional nitrogen management in secondary treatment. The denitrification 

stoichiometry requires 2.86 g COD for complete denitrification of 1 g N-NO3
- as theoretical 

minimum. One can suggest that since more COD is captured in high rate primary treatment 

systems, less COD is available for heterotrophic denitrifiers. This study 

is the first to demonstrate that bioflocculation effluent does not necessarily lose denitrification 

potential. Moreover, we observed that denitrification rate with bioflocculation effluent 

is even higher than with raw sewage or CEPT effluent (Fig. 4). While in the influent was 

the fraction of readily and slowly biodegradable COD 45 and 55%, respectively, their ration 

changed to 62 and 38% in the bioflocculation effluent (Table 3). As a result, the specific 

denitrification rate (on rapidly biodegradable COD) with bioflocculation effluent was 43% 

higher than with raw influent and even 66% higher compared to CEPT effluent. 

It is worth to mention, that nitrate concentration in primary treatment effluent is usually nearly 

the same as in raw sewage, but COD significantly drops in depending on the process selected 

(Henze et al., 2008). 
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Figure 6-4. Denitrification kinetic assays 

performed with raw sewage - influent (a), 

bioflocculation effluent (b) and CEPT effluent 

(c). Black dots (●) represent N-NO3
- depletion 

and white dots (○) represent soluble COD 

evolution during heterotrophic denitrification 

with different carbon source. Subscript “SB” 

represents rapidly biodegradable substrate 

and “XCB” slowly biodegradable substrate.
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Table 6-3. Wastewater parameters overview of the assessment the denitrification potential of different electron donors for conventional 

heterotrophic denitrification; label SB means rapidly biodegradable substrate and XCB slowly biodegradable substrate; parameters are based 

on samples measured in triplicates (median values are shown). 

Notes: SB means rapidly biodegradable substrate and XCB indicates slowly biodegradable substrate; parameters are based on samples measured 

in triplicates (median values are shown). 

However, based on our results, even though large portion of COD is captured, still sufficient part of rapidly biodegradable COD acts as electron 

donor for denitrifiers. Recently, Ge et al. (2017) demonstrated strong correlation between nitrogen removal and short SRTs at high-rate WWTP 

systems. Their experimental results show that approximately 35-50% of influent nitrogen was removed via assimilation together with adsorption 

at SRT 2 d. This favors bioflocculation over conventionally primary treatment, where only 10-15% nitrogen removal can be expected (Henze et 

al., 2008). CEPT process is not capable enhancing nitrogen removal and thus negative impact on COD/N ratio can be expected. 

Tested sample In-CODsettled 

(mg L-1) 

𝒒𝑵𝑶𝒙_𝑵𝟐,𝑺𝑩 

(mg N 

g VSS-1 hod-1) 

𝒒𝑵𝑶𝒙_𝑵𝟐,𝑿𝑪𝑩 

(mg N 

g VSS-1 hod-1) 

𝑺𝑵𝑶𝟑/𝑺𝑩,𝒆𝒒 

(mg N-NO3 L
-1) 

𝑺𝑵𝑶𝟑/𝑺𝑩,𝒆𝒒 

(mg N-NO3 L
-1) 

DPSB 

(mg N-NO3) 

DPXCB 

(mg N-NO3) 

Influent wastewater 

Bioflocculation effluent 

CEPT effluent 

302 

225 

196 

4.75 

6.77 

4.07 

0.71 

0.55 

0.77 

13.7 

19.0 

11.2 

16.9 

11.7 

18.2 

21.9 

30.4 

18.0 

27.0 

18.8 

29.2 
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6.3.4 Sludge settling properties 

The concentration of sludge in the bioflocculation contact reactor that produces primary sludge 

with optimal settling properties was 2.6 g L-1 TSS (Fig.7-5). This is in accordance 

with our previous findings (Dolejs et al., 2016). At this TSS concentration, the apparent SVI 

was as low as 30 mL g-1, showing high thickening ability. Rahman et al. (2017) observed 

much higher SVI (98 to 637 mL g-1) of contact stabilization sludge, but at lower SRT, ranging 

from 1,7 to 0.3 d. Even worse settling properties (SVI of 1051 mL g-1) have been observed 

in plug flow process configuration employing low SRT of 0.3 d (Rahman et al., 2016). Wang 

(2018) conducted extensive study on EBPR pilot system at SRT 2 days, focused 

mainly on sludge properties. The general outcome of his research was SVI ranging 

from 100 to 200 mL g-1, depending on EPS concentration and PAO abundance. 

 

Figure 6-5. The effect of sludge concentration in contact stabilization reactor on the settling 

properties of the primary sludge expressed as the density of mass flow of particles. 

6.3.5 Evaluation of energy balance in CAS process with bioflocculation 

The comparison of impact of bioflocculation on transformation of chemical energy (COD) from 

raw wastewater to recovered energy and losses during conventional wastewater treatment 

is shown in Fig. 7-6. The great impact is visible in the first technological step, where the COD 

extraction from raw wastewater increases from 35% (primary settling) to 76% 

(bioflocculation). This represents noticeable reduction of aeration need in the subsequent 

aerobic treatment in activated sludge process (expressed as waste heat). The more primary 

sludge is produced, the more methane is expected since primary sludge has higher BMP 

over waste activated sludge (Dolejs et al., 2016). According to the model evaluation, the 21% 

more energy can be recovered from wastewater when bioflocculation is used. This energy 

saving may be high enough to achieve energy self-sufficiency of the entire treatment process.  

One can consider a model WWTP with daily wastewater influent 1 000 m3/d with the COD 

concentration of 800 mg/l. The energy potential of such influent is 3 088 kWh/d, assuming 
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the specific chemical energy content 3.86 kWh/kg COD (Horstmeyer et al., 2017). Electricity 

recovery from the pilot experiment was 25%. Thus, daily electricity production 

from the WWTP would be 772 kWh/d.  

For a CAS process, benchmarking electricity consumption is set at average 0.82 kWh/kg COD 

removed (Longo et al., 2019), then the daily electricity consumption would be 623 kWh/d, 

assuming 95% removal of COD. Overall, the model WWTPs energy self-sufficiency 

would be 124% when employing bioflocculation, but only 74% in the case of primary settling.  

6.3.6 Future prospects in energy neutrality of WWTPs 

Capturing as much as possible organic matter in the primary treatment prior its biological 

mineralization in secondary step is the most promising way towards energy-efficient WWT 

(Ergas et al., 2016; McCarty et al., 2011; Verstraete et al., 2009). There are two main process 

schemes that should be considered to achieve energy neutrality or to reduce energy 

consumption in WWTP. First, two stage biological process, i.e. high-rate primary treatment 

for COD capture (generally named A-stage) and biological nutrient removal systems 

as secondary treatment (B-stage). Second, innovative biological nitrogen removal schemes 

based on shortcut nitrogen removal via nitritation/denitritation or partial nitrification 

with anammox process. In the A-stage, from 27 to 55% energy recovery potential 

can be achieved (Table 2) in the case of bioflocculation. Using CEPT process, up to 60% 

of COD capture can be achieved (i.e. approximately 44% energy recovery assuming BMP 

of 73%) (Diamantis et al., 2013) and employing membranes, up to 90% of COD can be captured 

and subsequently anaerobically recovered to methane gas (Wan et al., 2016). As summed 

up from several studies, when at least 40% of incoming COD is transformed to methane, 

a WWTP can reach energy neutrality, which is in accordance with many full-scale experiences 

(Jenicek et al., 2013). 

Recently, it has been shown that mainstream anaerobic sewage treatment followed 

by mainstream anammox is the next stage in WWTP progress (McCarty, 2018). 

This can be encouraged by other novel findings, for example the discovery of ADCS (aerobic 

duration control strategy) to repress nitrite oxidizing bacteria over ammonia oxidizing bacteria 

(Kouba et al., 2017), which solves the main drawback of stability and low rates of nitritation 

process, or the elucidation of rates and limits of anaerobic digestion of sewage 

at low temperature (Dolejs et al., 2018). On the other hand, there are already another driving 

forces rather to focuse on materials recovery (Matassa et al., 2015; Verstraete, 2014) 

and geochemical cycles than solely on energy recovery (Loosdrecht, 2018), which underlines 

the principle of circular economy in water sector.
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Figure 6-6. The evaluation of energy balance using a model WWTP: Transformation of chemical energy (COD) from raw wastewater to heat, electricity 

and losses (in % of the influent) during conventional wastewater treatment with primary settling in comparison with bioflocculation. The assumptions 

for each technological step are described in materials and methods.
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6.4 Conclusions 

Bioflocculation-enhanced primary treatment is an efficient way to recover energy 

from wastewater with several benefits over chemically enhanced primary treatment 

or conventional primary treatment. The main massages based on pilot operation 

of bioflocculation with real high-strength wastewater are: 

• Up to 76% of influent organics (COD) can be redirected to primary sludge using 

bioflocculation-enhanced primary treatment, compared to approx. 25-35% achieved 

by the conventional primary treatment; 

• Biomethane potential of captured primary sludge was 73 and 81% at mesophilic 

and thermophilic conditions, respectively; 

• Energy recovery from sewage can be up to 0.37 g CODCH4 g-1 CODinfluent, 

which is noticeably higher than 0.25 g CODCH4 g
-1 CODinfluent achieved by conventional 

WWTP. 

• Bioflocculation can enhance phosphorus removal up to 51% (TP removal) at low sludge 

age of 2 d and bioflocculation effluent does not lose the denitrification potential 

of the influent wastewater. 

In comparison with primary settling, bioflocculation is able to allow WWTP energy self-

sufficiency by the increase of energy production of about 21% (10% more electricity, 

11% more heat). In the novel wastewater treatment plant scheme layouts, such as advanced 

nitrogen removal (partial nitritation/Anammox or similar), bioflocculation perfectly fits 

its specific technological requirements on organic carbon management during the treatment 

process. 
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7 SUMMARY 

7.1 Summary of research outcomes produced by this thesis 

7.1.1 Anaerobic digestion of municipal wastewater 

Chapter 2: Psychrophilic anaerobic treatment of sewage 

Direct psychrophilic anaerobic digestion of municipal wastewater is feasible even at low 

temperatures (15 °C), but the choice of inoculum and process design play a crucial role. 

When we adapted the inoculum to psychrophilic conditions, nearly the same methanogenic 

activity was observed in psychrophilic and mesophilic conditions. In both cases, we achieved 

anaerobic biodegradability of 62 ± 8% for 5 different municipal wastewater samples tested 

in batch assays at 15 °C. Based on a simple Monod-based kinetic model extended for the two-

component substrate, the same rate constant (rmax = 0.035 d-1) fitted for all tested wastewater 

samples. The model also predicted similar portion of readily biodegradable (86.5%) and slowly 

biodegradable substrate (13.5%) for all tested samples. Chapter 2 provides a detailed 

investigation of psychrophilic anaerobic digestion kinetics supported by model calculations 

fitted to real-condition datasets as a baseline for energy recovery calculations. Hence, 

we established the limits of direct wastewater methanization at low temperatures. 

Chapter 3: Effect of psychrophilic temperature shocks on a gas-lift anaerobic membrane 

bioreactor (Gl-AnMBR) treating synthetic domestic wastewater 

The lab-scale operation (209 days) of a mesophilic Gas lift-AnMBR treating artificial municipal 

wastewater showed exceptional process stability, ensuring the high treatment efficiency 

(average COD removal 94%) even when several short-term (hours) temperature shocks (15 °C) 

were applied. When the operational temperature dropped down to 15°C for several weeks, 

substrate accumulation was observed and biogas production ceased completely, showing rapid 

biomass activity shutdown when no temperature adaptation period was provided. 

Chapter 4: Anaerobic treatment of wastewater in colder climates using UASB reactor 

and anaerobic membrane bioreactor 

Still in lab-scale, long-term operation of a psychrophilic UASB reactor (640 days of operation) 

subsequently modified to AnMBR (100 days of operation) treating real municipal wastewater 

at 15°C showed the potentials and limits of this technology. Based on our data, UASB reactor 

seems more suitable for municipal wastewater pretreatment under low temperature compared 

to AnMBR, since in AnMBR, a large portion of the energy was needed for additional membrane 

fouling control, while methane production (energy recovery potential) remained similar. 

Even though the AnMBR achieved better COD removal efficiency than the UASB (85% 

compared to 65%, respectively), the effluent of both reactors needs further polishing to fulfill 
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European discharge standards. The energy recovery in the form of gaseous methane was very 

low (4% and 6% in UASB and AnMBR, respectively) compared to the state-of-the art literature 

data, mainly due to the large portion of overall methane production (from 68% to 78% in UASB 

and AnMBR, respectively) remaining dissolved in the effluent. This is the main obstacle 

for the full-scale implementation of direct anaerobic treatment of municipal wastewater. 

The recovery of dissolved methane from the effluent represents an additional technological 

step. If this post-treatment is not applied, major environmental damage will be caused 

by methane (i.e. greenhouse gas) emissions. 

7.1.2 Bioflocculation of municipal wastewater 

Bioflocculation-enhanced primary treatment is an efficient way to recover energy from 

municipal wastewater with several benefits over chemically enhanced- or conventional primary 

treatment. As biogas production does not take place in the cold mainstream of wastewater, 

bioflocculation causes much fewer methane emissions than direct anaerobic digestion. 

Chapter 5: Contact stabilization with enhanced accumulation process for energy recovery from 

sewage 

In lab-scale, when real municipal wastewater was treated in a 1L psychrophilic (15 °C) 

sequencing batch reactor (SBR), the average COD removal with and without inoculation 

by activated sludge was as high as 80 and 70%, respectively. Up to 55% of the chemical energy 

in the influent was recovered as gaseous methane, mainly due to the efficient COD capture 

and subsequent exceptionally high anaerobic biodegradability of the sludge produced, 

which was up to 0.65 g CH4 g COD-1. Since EPS play a crucial role in the biosorption process 

(i.e. bioflocculation), we observed a close correlation between the regeneration time needed for 

EPS formation (sludge regeneration) and its maximal production. The optimal regeneration 

time was about 2 hours when the EPS concentration in the sludge increased by about 41%. 

Based on our data from the lab-scale SBR, at least 43% of the original energy content 

of municipal wastewater can be recovered without inoculation with activated sludge, 

while activated sludge addition can enhance the bioffloculation process resulting in 55% energy 

recovery. 

Chapter 6: Maximizing energy recovery from wastewater via bioflocculation-enhanced 

primary treatment: A pilot scale study 

In a pilot-scale experiment conducted for 100 days, up to 76% of influent organics (COD) could 

be redirected to primary sludge using bioflocculation-enhanced primary treatment. 

The subsequent anaerobic digestion of the primary sludge resulted in overall energy recovery 

from real municipal wastewater up to 0.37 g CODCH4 g
-1 CODinfluent. Moreover, bioflocculation 

showed phosphorus removal up to 51% (TP removal) at low sludge age of 2 d 

and the bioflocculation effluent did not lose the denitrification potential of the influent 

wastewater. Incomparison with primary settling, bioflocculation can allow WWTP energy self-
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sufficiency by increased energy production of about 21% (10% more electricity, 11% more 

heat). 

7.2 Comparison of state-of-the-art technologies and near-future 

technologies for energy recovery in municipal wastewater treatment 

In light of the challenges and needs described in the General introduction section of this thesis, 

the purpose of this chapter is to provide an overview of state-of-the-art full-scale WWTP 

processes (Fig. 7-1.), as well as an overview of processes under development, i.e. near future-

technologies (Fig. 7-2.), in respect to their overall energy recovery management. 

In this chapter, Table 7-1 summarizes the key energy parameters for each selected WWTP 

process. The first part of Table 7-1 shows the literature data of energy parameters 

for the examples of the state-of-the-art WWTP processes employed in full-scale. The second 

part of Table 7-1introduces data measured in this Thesis and their comparison 

with the theoretical model calculations proceeded by Yingjie et al. (2013). Table 7-1 

also represents the data source for the final graphical evaluation of energy parameters presented 

in Figures 7-1 and 7-2. 

The following parameters were selected to be compared and discussed for each municipal 

wastewater treatment process: 

Specific energy consumption – energy consumption in kWh per m-3 of municipal wastewater 

needed for overall treatment process; 

Specific energy production – overall energy in Wh per m-3 of municipal wastewater produced 

by biogas (methane) combustion in CHP units;       

Net energy balance – the difference between specific energy production and consumption; 

Energy recovery potential – the amount of methane in grams of COD produced per g COD 

of influent wastewater; 

Energy self-sufficiency – the ratio between net energy production and consumption in %. 
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To focus on the feasibility of the implementation of WWTP processes presented in Fig. 7-2 

and Table 7-1 (second part), timeframe and field conditions were defined as follows: 

Firstly, the short-term (5 years timeframe) adoption of the processes is discussed, aiming 

at the upgrading of existing WWTPs rather than at the construction of new WWTPs.  

Secondly, the long term adoption of the discussed processes is considered to be feasible for full-

scale implementation in approximately 10 years from now. This scenario is mostly considered 

for new WWTPs that should be designed as energy-positive facilities. 
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Table 7-1 The summary of literature data (first part of the Table) and observed parameters obtained in this Thesis (second part of the Table) 

for studied WWTP processes.  

WWTP Process         

/Energy Parameter 

Energy 

consumption  

[kWh m-3] 

Energy production 

(+dissolved methane) 

[kWh m-3] 

Net energy 

balance 

[kWh m-3] 

Energy self-

sufficiency 

[%] 

Energy recovery potential 

(+dissolved methane) 

[gCODCH4 g-1CODINF] 

References 

CAS (benchmark) 0.47 0.17 -0.30 36 0.22 
(Horstmeyer et al., 2017); 

(Longo et al., 2019) 

CAS + sidestream 

Anammox                     

(WWTP Strass) 

0.31 0.34 0.03 108 0.38 (Nowak et al., 2015) 

CEPT + CAS                

(WWTP Prague) 
0.46 0.39 -0.07 84 0.42 (Jenicek et al., 2013) 

Bioflocculation + MBR + 

sidestream Anammox 

(WWTP Tuas) 

0.32 0.28 -0.04 87 0.36 (Yingjie et al., 2013) 

Bioffloculation + CAS 

(pilot model) 
0.27 0.34 0.06 124 0.37 this Thesis 

UASB (lab model) N/A 0.03 (0.15) N/A N/A 0.04 (0.18) this Thesis 

AnMBR (lab model) N/A 0.06 (0.18) N/A N/A 0.06 (0.19) this Thesis 

AnMBR + mainstream 

Anammox           

(theoretical model) 

0.27 0.39 0.12 144 0.51 (Yingjie et al., 2013) 

Bioflocculation + 

mainstream Anammox 

(theoretical model) 

0.29 0.30 0.01 103 0.39 (Yingjie et al., 2013) 
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7.2.1 Comparison of state-of-the-art technologies for energy recovery in municipal 

wastewater treatment 

Conventional activated sludge process (CAS), i.e. primary sedimentation, nitrification-

denitrification, secondary sedimentation, and anaerobic digestion of primary and excess sludge, 

was selected as the benchmark treatment process. Benchmark values for CAS process, already 

mentioned in Chapter 1 of this Thesis for specific electricity energy consumption 

and production and efficiency of electricity conversion in CHP unit were 0.47 kWh m-3 

(Horstmeyer et al., 2017), 0.17 kWh m-3 (Longo et al., 2019) and 38%, respectively. 

The influent concentration of COD in municipal wastewater was calculated 500 mg L-1 

as a setpoint. To compare energy balance of the selected processes equally with the future 

configurations (near future processes under development in Fig. 7-2.), the effluent quality was 

set to microfiltration permeate standard defined by Yingjie et al. (2013) and nutrient removal 

was set to fulfill the EU Urban European Waste Water Treatment Directive for sensitive areas 

(EUCommision, 1991). 

Strass WWTP (Austria) is often referred to as the state-of-the-art full-scale technology. 

Its treatment process has been designed as two stages: the first A-stage serves for COD removal 

with HRT 30 min and SRT 12 h, and the second stage specifically designed for biological 

nitrogen removal with SRT 10 days (Liu et al., 2019). Moreover, side stream deammonification 

(DEMON®) is used to save energy for reject water treatment (Nowak et al., 2011).  

Prague´s central WWTP (Czech Republic) was selected as the representative of well-operated 

traditional CAS process (R-D-N according to Kos et al. (1992)), with energy extraction 

from wastewater in primary settling forced by Chemically Enhanced Primary Treatment 

(CEPT) and subsequently well-optimized anaerobic digestion of primary and excess sludge 

(Jenicek et al., 2013).  

Finally, a novel process has been already tested in full-scale in Tuas (Singapore), 

where bioflocculation-enhanced primary treatment serves as A-stage, nitrification-

denitrification in MBR configuration as B-stage, anaerobic digestion of primary and excess 

sludge for energy production and sidestream Anammox for reject water treatment (Yingjie et 

al., 2013). 

Comparing these full-scale process configurations (Fig. 7-1.), the best option seems 

to be simply well-optimized CAS + sidestream Anammox, with the energy self-sufficiency 

of 108%. Nevertheless, looking closer to the Energy recovery potential, a slightly higher value 

(0.42 vs. 0.48) was calculated for CEPT+CAS configuration. This means, that if Prague WWTP 

was able to cut the overall energy demand (for example employing sidestream 

deammonification such as DEMON® or similar Anammox-based technology), the net energy 

balance could be even higher than that in Strass. Overall, CAS process configuration alone 

is too energy-intensive and any other from the selected configurations showed improved energy 



 

109 

 

balance close to or even over the energy self-sufficiency of the municipal wastewater treatment 

process. 
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Figure 7-1. Comparison of the energy management of current state-of-the-art full-scale municipal wastewater treatment processes.
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7.2.2 Comparison of science technologies for energy recovery in municipal wastewater 

treatment 

A comparison of bioflocculation and direct anaerobic treatment of municipal wastewater 

is shown in Fig. 7-2. Based on the pilot-scale operation of bioflocculation unit (Chapter 6 

in this thesis), the energy recovery potential can be as high as 0.37. In respect to lowered 

electricity energy demand in CAS after bioflocculation (0.47 kWh m-3 (CAS alone) compared 

to 0.27 kWh m-3 (bioflocculation + CAS)), energy self-sufficiency reached 124%, 

which is similar as predicted by (Yingjie et al., 2013) 7 years ago for bioflocculation process 

coupled to mainstream Anammox (Fig. 7-2.). 

Due to the small (lab-) scale of the UASB reactor and AnMBR described in Chapter 4, 

only energy production and energy recovery potential were calculated for both configurations 

based on the long-term reactor’s operation. Both UASB and AnMBR showed low energy 

recovery potential (4% and 6%, respectively), due to the loss of dissolved methane 

in the effluent. Theoretically calculated, energy capture and valorization of dissolved methane 

together with gaseous methane could lead to almost 20% of energy recovery 

for both configurations, which is comparable with CAS, but using no energy for aeration. 

Future projections predict AnMBR as A-stage coupled with mainstream autotrophic nitrogen 

removal (Anammox-based technologies) as B-stage to be the best option for energy recovery 

and saving during low-temperature municipal wastewater treatment. Almost 50% 

more electricity could be produced than is needed for the treatment (Yingjie et al., 2013), 

but a great question is still dissolved methane. Overall, the complexity of the treatment process, 

fouling control needs, and necessary subsequent nutrient removal represents the limits of such 

technology. These limits were shown in this Thesis by the long-term AnMBR operation 

at low temperature. Moreover, the full-scale low-temperature mainstream Anammox process 

has not been constructed yet. 
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Figure 7-2. Comparison of energy management of municipal wastewater treatment processes at research stage; short-term (< 5 years) timeframe 

in the case of bioflocculation, long-term (~ 10 years) timeframe in the case of mainstream Anammox (prediction based on theoretical model 

calculations according to Yingjie et al. (2013).
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7.3 Recommendations for the design of energetically sustainable 

wastewater treatment 

 

• Bioflocculation seems to be a more favorable option to achieve energy neutrality 

and even energy production during municipal wastewater treatment process in mild 

to cold environment over direct anaerobic treatment, due to the high energy recovery 

potential almost independent on process temperature. Moreover, it is a relatively simple 

process, where no high-standard operational skills are necessary.  

 

• The main design strategy should involve these approaches: 

- capturing as much as possible of organic carbon in the A-stage for sidestream 

anaerobic treatment 

- improving methane yield in sludge management 

- reducing aeration demand by enhanced primary treatment using bioflocculation 

- reject water treatment by Anammox process in sidestream 

 

• In short-term (from now to 5 years) timeframe, energy recovery from municipal 

wastewater can be improved at the existing WWTP´s by the implementation 

of bioflocculation (instead of primary settling or CEPT) during the reconstruction 

or intensification. 

 

For the future projects (long-term 5 to 10 years) of a new WWTP´s, there is a great 

potential for energy surplus production implementing of both bioflocculation and direct 

AnMBR´s coupled to autotrophic nitrogen removal technology in the main treatment 

line (mainstream Anammox). However, dissolved methane and low temperature 

for mainstream Anammox is still subject to intensive development nowadays.  
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7.4 Recommendations for future research 

There is a great barrier in direct municipal wastewater anaerobic treatment due to the loss 

of dissolved methane in the effluent. Although there are already many lab-scale and pilot-scale 

approaches to the capture of dissolved methane from the effluent, such as degassing membranes 

or special methanotrophs employment, simply adaptable technological process in real-scale 

should be developed. Only the utilization of the dissolved methane in a simple way would 

justify the use of low-temperature anaerobic digestion of municipal wastewater as so far, 

it is an intensive greenhouse gas-emitting process. 

Further research on the comparison of bioflocculation and AnMBR process including Life 

Cycle Assessment (LCA) and Life Cycle Cost (LCC) analysis is needed to reveal the overall 

environmental impact of such technologies, in comparison with CAS. 

From the future perspectives, not only energy recovery but recycling of resources such as water 

and nutrients will be crucial for the selection from the discussed processes. A holistic approach 

to close the energy, material and water loop should be developed and implemented 

in the management of the cities of the future, based on LCA (based on GHG emissions 

and circular economy principles). 

As a final note from the personal experience as a civil engineer, the knowledge transfer between 

researchers, civil engineering professions, and policymakers is lacking. The processes 

discussed in this Thesis such as CEPT, Bioflocculation, or sidestream Anammox are neither 

set as Best Available Techniques (BAT) nor even mentioned in Czech normative materials. 

This represents a great barrier in the implementation of innovative technologies in real design 

schemes and projects because the chemical and process engineers have no legislation reference 

as a  support decision material. 
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ABBREVIATIONS 

 

AD   anaerobic digestion 

AFBR   anaerobic fix bed reactor 

AnMBR  anaerobic membrane bioreactor 

AWT   advanced water treatment 

BMP   biomethane potential 

BOD5   biological oxygen demand 

BSS   bioflocculation-sorption-sedimentation 

CAS   conventional activated sludge 

CEPT   chemically enhanced primary treatment 

CFV   cross flow velocity 

CHP   combined heat-power 

COD   chemical oxygen demand 

COPAS  complex organic particulate artificial sewage 

COSEA  contact stabilization with enhanced accumulation 

CS   contact stabilization 

CSTR   completely stirred reactor 

DAPI    4',6-diamidino-2-phenylindole 

DO   dissolved oxygen 

DWA   german association for water, wastewater and waste 

EBPR    enhanced biological phosphorus removal 

EGSB   expanded granular sludge bed 

EPA   environmental protection agency (USA) 

EPS   extracellular polymeric substances 
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FID   flame ionization detector 

FISH   fluorescent in-situ hybridization 

GAC   granular activated carbon 

GC-TCD  gas chromatography – thermal conductivity detector 

GHG   green house gas 

Gl-AnMBR  gas-lift anaerobic membrane bioreactor 

HiCS   high-contact stabilization reactor 

HRT   hydraulic retention time 

ID   internal diameter 

MFC   microbial fuel cell 

MLSS   mixed liquor suspended solids 

OLR   organic loading rate 

PAC   powdered activated carbon 

PAO   phosphorus accumulating organism 

PE   population equivalent 

PVDF   polyvinylidene fluoride 

RO   reverse osmosis 

SBR   semi batch reactor 

SMA   specific methanogenic activity 

SRT   solids retention time 

STP   standard temperature and pressure 

TMP   trans membrane pressure 

TN    total nitrogen  

TP   total phosphorus 

TS    total solids 
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TSS   total suspended solids 

UASB   upflow anaerobic sludge bed 

UF   ultrafiltration 

VFA   volatile fatty acid 

VS   volatile solids 

VSS   volatile suspended solids 

WAS   waste activated sludge 

WWTP  wastewater treatment plant 

WTEI   water treatment efficiency index 
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Symbol Description Unit 

F/M food to microorganism ratio/organic loading rate g g-1 

VBG volume of biogas mL or L 

VHS volume of headspace in the serum bottle mL or L 

VDM volume of dissolved methane mL or L 

VL volume of liquid phase mL or L 

VML volume of activated sludge in denitrification test mL or L 

VWW volume of wastewater sample in denitrification test mL or L 

KH Henry´s solubility constant for methane g L-1 atm-1 

Pi actual measured pressure kPa or atm 

Patm actual atmospheric pressure kPa or atm 

Psum overall pressure kPa or atm 

Y yield coefficient (generally) g g-1 

YCH4 methane yield L g-1 or kg kg-1 

SMA specific methanogenic activity L kg-1 d-1 

KS half-saturation constant (expressed in concentration) kg m-3 

λ Lag phase d 

rmax maximum specific methane production rate d-1 

SRB readily biodegradable substrate kg m-3 

SSB slowly biodegradable substrate kg m-3 

SVI30 Sludge volume index after 30 min sedimentation mL g-1 

R2 correlation coefficient - 

T (t) temperature °C 

R2 correlation coefficient - 

ŋ dynamic viscosity Pa s 
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R2 correlation coefficient - 

R filtration resistance m-1 

J (LMH) membrane permeate flux L m2 h-1 

TMP trans-membrane pressure kPa 

Dqi density of mass flow of particles kg m-2 h-1 

vzs,i zone settling velocity m h-1 

rNOx_N2 denitrification rate mg L-1 hod-1 

qNOx_N2,SB specific denitrification rate on rapidly biodegradable substrate (SB) mg g-1 hod-1 

qNOx_N2,XCB specific denitrification rate on slowly biodegradable substrate (XCB) mg g-1 hod-1 

SNO3_SB,eq Nitrate consumed on rapidly biodegradable substrate (SB) mg L-1 

SNO3_XCB,eq Nitrate consumed on slowly biodegradable substrate (XCB) mg L-1 

DPSB denitrification potential on rapidly biodegradable substrate (SB) mg 

DPXCB denitrification potential on slowly biodegradable substrate (SB) mg 
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